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elevation beech forests in GRSM, densities are still high enough that when BBD invades it

can spread easily between host trees.

Beech mortality and environmental and soil characteristics and prepark disturbance

Beech mortality was significantly correlated with LFI and several soil characteristics. All
of the soil characteristics, except % clay, were also significantly correlated with longitude,
suggesting that soil changes across the range of beech in GRSM might explain the correlation
between these characteristics and beech mortality. The results of this analysis suggest that
soil chemistry and structure, might influence BBD severity. Higher soil S and Al levels in
disease-free beech stands might confer resistance if beech trees can take up these elements in
their meristematic tissue, impeding the population growth and/or pathogenicity of the insect
and fungus, though I know of no evidence to support this hypothesis.

It is also possible that the correlations between beech mortality and environmental factors
are coincidental and that mortality in high-elevation beech forests is a function of the
dispersal of the disease insect. Evidence supporting this alternative hypothesis is that BBD
has dispersed eastward with the wind since its discovery near Clingmans Dome in central
GRSM. Additionally, some western beech stands are diseased, suggesting that the
longitudinal gradient in soil chemistry might not convey resistance to BBD.

Differences in topography and vegetation between eastern and western GRSM might
explain the difference in LFI. The mountains in eastern GRSM are higher, and because
beech co-occurs with spruce/fir (Picea rubens/Abies fraseri) in eastern GRSM, it is found

only in sheltered gaps between mountain peaks, In contrast, western GRSM beech forests
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occupy the tops of mountains and span ridge tops, resulting in a lower LFI than eastern beech
forest plots.

Latty et al. (2003) found that old-growth beech forests were more severely affected by
BBD, though apparently because old-growth forests had higher bark amino nitrogen

concentrations. In this study, disturbance history did not influence beech mortality.

Woody understory composition and regeneration patterns

Stem densities of woody understory species are significantly lower in eastern forests than
in western forests. This disparity occurs for all understory size classes, and appears to be
driven by blackberry cover, which increases rapidly following the death of canopy beech
trees in diseased forests. Beech, a shade-tolerant species whose regeneration is
predominantly from root sprouts, might be expected to be able to withstand competition from
blackberry. However, beech was significantly lower in density in eastern forests.

Rapid blackberry growth in southern Appalachian clearcuts has been associated with slow
growth of shade-intolerant species during secondary succession (Wilson and Shure 1993).
Blackberry has always been an important colonizer of high-elevation forest gaps in GRSM
(Crandell 1958), but its rate of colonization, density, persistence and consequent capacity to
inhibit forest reorganization on these sites may be enhanced by atmospheric N deposition
(Tilman 1987). Atmospheric N deposition is highest at high elevations in GRSM (Fowler et
al. 1988), and N mineralization rates are highest in high-elevation hardwood forests when
compared among different plant communities along an elevational gradient (Knoepp and

Swank 1998).
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During the course of this study it was noted that blackberry density was reduced near the
transition zone between diseased beech forest and adjacent healthy forest, presumably
because of the shading effect of the healthy trees. In these transitional areas it was common
to find sapling-sized individuals of species that were absent near the center of the opening.
This pattern suggests that tree establishment in areas of low blackberry density at the edge of
diseased patches will enhance the replacement of beech by advance regeneration of shade-
tolerant species. Encroachment on forest openings by tree establishment at forest-field
interfaces has been noted in other studies in the southern Appalachians (Copenheaver et al.
2004).

Short-term successional development in western beech forests is likely to continue to be
dominated by beech, which was 90.6% of stems in these forests. The relative density of
understory beech is higher than the relative density of beech stems > 10 cm, suggesting that
western beech forests will become more beech dominated, as was found in Chapter 2. In
eastern forests short-term succession is also likely to remain dominated by beech despite the
influence of blackberry. Eastern forests differ in that beech relative density (56.5%) is lower
and other species are more important. Many of the potential canopy codominant understory
species in eastern forests are shade-tolerant, suggesting that shade-intolerant, early-
successional species will play a relatively minor role. Replacement of beech by shade-
tolerant species in forests affected by BBD has been noted elsewhere (Runkle 1990,
LaGuerrier et al. 2003). Species’ understory densities are suggestive of longer-term
successional patterns but are dependent on the gap dynamics of the forest and storm
frequencies of the region (White et al. 1985), which can alter understory/overstory transition

probabilities.
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Chapter 6

The influence of spatial scale on temporal changes in forest structural attributes in
Great Smoky Mountains National Park.



Abstract

To investigate whether temporal changes in forest attributes follow predictions of the
forest succession model, the effect of grain size (sampling area) on tree density and basal
area was determined in late-successional deciduous forests in western Great Smoky
Mountains National Park. Forty-one 0.1 ha (20 x 50 m) plots established in 1977-78, and
located in three forest types (BEECH, COVE, and high-elevation red oak “HERQ”) with
three pre-park disturbance histories (undisturbed, diffuse disturbance, heavy-cut), were
resampled in 2002. Tree density and basal area for each plot were calculated in each of five
0.02 ha (20 x 10 m) modules, then values from all possible combinations of adjacent modules
were summed to obtain 0.04, 0.06, 0.08 ha and plot-level (0.1 ha) grain sizes for which
attribute means and variances were obtained for 1977-78 and 2002 for the sum of all plots
and for each forest type and disturbance history. It was predicted that the variance in forest
attributes would decrease through time at grain sizes larger than the area of the average
disturbance patch (< 0.02 ha) and that variances calculated for each forest type and
disturbance history would exhibit patterns similar to the sum of all plots, given the late-
successional nature of the forests. Tree density variance in 2002 was lower than in 1977-78
at all grain sizes, but 2002 basal area variance was only lower at the smallest (0.02 and 0.04)
grain sizes. Basal area variance declined with increasing grain sized faster than tree density
variance. Variances of attributes for plots organized by forest type and disturbance history
did not exhibit patterns similar to the overall pattern, or to each other. Attributes of BEECH
and COVE forests generally had higher variances than HERO forests and the stem density

variance of undisturbed and heavy-cut forests was higher in 2002 than in 1977-78. From
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these results it is concluded that these forests do not conform to ideas of temporal change in

late-successional forests.
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Introduction

Conclusions about whether an ecosystem is at equilibrium and driven by processes such as
competition and predation, or non-equilibrium and driven by disturbances and exogenic
processes are due, in part, to the scale at which observations about the system are made. In
general, the variance of ecosystem attributes (for example, tree density and basal area) should
be lower at larger areas of observation (the area encompassed by a vegetation plot, also
called “grain” size) than smaller areas. As grain size increases, the observed average
attribute variances should approach that of the ecosystem as a whole. In equlibrial
ecosystems, the variance should stay the same from year to year.

Although ecologists have long known that the spatio-temporal scale at which forest
attributes are measured can influence conclusions drawn about forest dynamics, studies that
examine the adequacy of commonly used plot sizes in capturing the variability of forest
attributes such as tree density and basal area are rare. One rule of thumb, Shugart’s (1984)
1:50 hypothesis, predicts that an equilibrating landscape for biomass will be at least 50 times
as large as the size of its typical disturbance patch. Busing and White (1993) tested
Shugart’s quasi-equilibrium hypothesis using measures of forest attributes collected at a
variety of spatial scales and found that variance from mean attribute values declines with
increasing scale, but that conclusions about forest equilibrium depend on the attribute being
measured; structural attributes approached equilibrium at smaller scales than did
compositional attributes. On a landscape scale, high variance in forest attributes among plots
suggests high spatial heterogeneity, which would be expected to stabilize at scales equal to or

smaller than the average size of a disturbance patch, and decrease through time at scales
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larger than the average patch size. Whether the variance in forest attributes decreases
through time is unknown.

The purpose of this chapter is to describe the influence of scale on temporal changes in
tree density and stand basal area in 0.1 ha permanent plots in late-successional, high-
elevation forest plots resampled approximately 25 years apart (1977-78 to 2002). In
particular, I seek to determine whether: 1) the variance in tree density and basal area
decreased at spatial scales larger than the average patch size, 2) temporal changes in mean
stem density and basal area become smaller at larger grain sizes, and 3) forests of different

compositions and disturbance histories demonstrate similar patterns of spatial heterogeneity.

Methods
Study location and plot scale

Data used in this study comes from 41 late-successional high-elevation deciduous forest
plots established 1977-78 and resampled in 2002. The plots are located north and northeast
of Gregory Bald (35° 31'N, 83° 52'W) in western Great Smoky Mountains National Park
(GRSM) on north-facing slopes between 1159-1509 m elevation.

Plot dimensions are 20 x 50 m (0.1 ha). Within each plot woody stems > 10 cm were
identified by species and measured for DBH in 5 nested 20 x 10 m (0.02 ha) subplots (Figure
6.1). The arrangement of subplots allows for comparison of the variance and paired-plot
mean population values of forest attributes of physical structure (tree density and basal area)
between plot-pairs at 0.02, 0.04, 0.06, 0.08 and 0.1 ha scales or “grain sizes” (Wiens 1989).
Tree densities and basal areas obtained from each plot at each scale were standardized to 1-

ha values. Because the average size of a disturbance patch in high mountain GRSM forests
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Figure 6.1. Plot dimension and nested modules from which tree density (#.ha) and basal area
(m*/ha) were collected in 41 high-elevation deciduous forest plots in western Great Smoky
Mountains National Park in 1977-78 and 2002.
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is though to be < 0.02 ha (personal observation, Runkle 1982, Busing and White 1993), the
range of grain sizes can be used to determine whether the variance in attributes above the

average patch size decreases over time in late-successional forests.

Influence of scale on year-pair variances and forest attribute means

Spatial heterogeneity was determined by calculating the variance of tree density and basal
area’ha at each grain size from the mean across plots (Levin 1989). Here, the variance in
attribute values is the sum of the squares of the deviation divided by the degrees of freedom.
The attributes measured at each scale were tested for normality using PROC UNIVARIATE
NORMAL in SAS v. 8.2. Because the data were non-normal, non-parametric tests were used
in the examination of significant differences in the variability and mean values of plot
attributes at different scales. The average variances and mean attribute values were
compared in all possible year-pair combinations at each scale for contiguous modules. For
example at the 200 m” scale, the average variances and means of attributes in module 1 in
1977-78 were compared to the averages for module 1 in 2002. The year-pair average values
in modules 2-5 were also tested. At scales above 200 m?, all possible combinations of
contiguous plots were added together to obtain variances and mean attribute values.

Mean values for stem density and basal area of year-pairs were compared using
Wilcoxon’s signed-rank test in PROC UNIVARIATE because the samples being compared
lack independence. Changes in paired variances were tested using a procedure developed by
Sandvik and Olson (1982) in which a statistic, G,is calculated, where G; = |X; — median (X)|

- |(Y; — median (Y)|, where X; and Y represent the data from paired-plots at each scale. The
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test of the null hypothesis Hy : 6% = czy was conducted by performing Wilcoxon’s signed-
rank test on the statistic, Gi.

In order to compare variation among forest attributes with different mean values,
coefficients of variation (standard deviation as a percentage of the mean of each attribute at
each scale) were calculated. This provides a common value with which to compare the

variation in stem density and basal area in 1977-78 and 2002 (Busing and White 1993).

Influence of scale by forest type and disturbance history

The plots in this study occupy beech dominated (BEECH, N = 12), upper cove (COVE, N
= 14), and high-elevation red oak (HERO, N = 15) forest types (Chapter 4) and are part of
the Southern Appalachian Northern Hardwood (NatureServe Ecological System ID CES
202.029), and Southern and Central Appalachian Cove ecosystems (CES 202.373)
(NatureServe 2005). American beech (Fagus grandifolia), and yellow buckeye (desculus
octandra) are indicators of BEECH forest, northern red oak (Quercus rubra) of HERO
forests, and eastern hemlock (7suga canadensis), black birch (Betula lenta), silverbell
(Halesia tetraptera var monticola), and Fraser magnolia (Magnolia fraseri) of COVE forests.
Because the plots are in protected late-successional forests they are representative of typical
forest sampling plots that would be used to measure forest attributes (stem density and basal
area), and which would be resampled periodically to assess temporal change. Forest types
contain an unequal number of disturbance history plots which could confound their
interpretation. However, an earlier study found that disturbance history was not responsible

for forest attribute changes by forest type (Chapter 4).
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Disturbance history of the plots was determined using data from Pyle (1988), digitized on
maps to 90 m resolution. Plots for which there is not record of grazing or logging are
considered undisturbed (N=11). Plots with diffuse disturbance (N=18) might have had
livestock grazing and/or light burning. Some of the forests occupied by plots in this study
were industrially logged (heavy cut, N=12) prior to the creation of GRSM. Although it is not
known when logging occurred in the heavy-cut plots in this study, it was generally confined

to the period 1890-1920 in GRSM (Brown 2000).

Results
Influence of scale on year-pair variances and forest attribute means
Stem density variances in 2002 were always lower than in 1977-78. Changes in the

variances of stem density (1977-78 to 2002) were significant (p < 0.05) for one of the year-
pair comparisons at 0.06 ha, two of the four year-pair comparisons at 0.04 ha, and one of the
five at 0.02 ha (Table 6.1). In contrast, changes in variance of basal area in plots paired by
year were not significant and there was no consistent pattern of decline in variances.

Average stem densities declined across all spatial scales and year-pair comparisons (Table
6.2). Twelve of the 15 year-pair declines were significant, including the comparison of mean
stem densities at 0.1 ha, where stem density declined from 583 to 519 stems/ha. In contrast,
basal area was unchanged at 32.6 m*/ha at the 0.1 ha grain size. Changes in mean basal area
exhibited no consistent pattern of change, most decreased slightly, three increased and two
were unchanged. None of the changes in mean basal area were significant.

Coefficients of variation for stem density and basal area in 1977-78 and 2002 all declined

with increasing grain size (Figure 6.2). The coefficients for stem density in both periods
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Table 6.1. Changes in the variance of stem density (#/ha) and stand basal area (m?/ha) for 15
year-pair comparisons at 5 grain sizes in 41 high-elevation deciduous forest plots in Great
Smoky Mountains National Park.

Variance
Stem density (#/ha) Basal area (m°/ha)
Grain size (ha) | Modules 1977-78 2002 1977-78 2002
0.1 1,2,3,4,5 40770 31327 79.6 79.6
0.08 1,2,3,4 40199 31874 104.3 93.9
2,3,4,5 42352 31219 90.4 98.4
0.06 1,2,3 44479 33278 171.6 114.9
2,3,4 39998 32086 130.0 126.9
3,4,5 47452° 36557° 76.7 101.3
0.04 1,2 495922 37379° 211.8 135.9
2,3 45319 32545 270.2 145.9
34 45168 39612 95.3 139.3
4,5 50788 ¢ 40881° 89.0 124.6
0.02 1 79128 71095 304.5 237.8
2 50305 33774 489.6 242.2
3 63524 47006 316.2 224.1
4 51369° 48314° 195.8 229.5
5 85598 56475 205.6 222.2
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Table 6.2. Changes in the mean values of stem density (#/ha) and stand basal area (m”/ha)
for 15 year-pair comparisons at 5 grain sizes in 41 high-elevation deciduous forest plots in
Great Smoky Mountains National Park. Numbers in parentheses are standard deviations.

Mean

Stem density (#/ha) Basal area (m“/ha)

Grain (ha) | Modules 1977-78 2002 1977-78 2002
0.1 1,2,3,4,5 583 (201.9)* | 519(177.0)° | 32.6(8.9) 32.6 (8.9)
0.08 1,2,3,4 588 (200.5) | 523 (178.5)° | 33.4(10.2) | 32.0(9.7)
2,3,4,5 588 (205.8)* | 520(176.7)° | 32.3(9.5) 30.6 (9.9)
0.06 1,2,3 585 (210.9) 518 (182.4) | 34.8(13.1) | 32.2(10.7)
2,3,4 596 (200.0)* | 524 (179.1)° | 33.3(11.4) | 31.2(11.3)
34,5 589 (217.8)* | 524 (191.2)° | 30.9(8.8) | 30.8 (10.1)
0.04 1,2 574 (222.7)* | 512(193.3)° | 35.0 14.6) | 32.2(11.7)
2,3 595 (212.9)* | 517(180.4)° | 35.3 (16.4) | 31.1(12.1)
3,4 602 (212.5)® 534 (199.0) 31.7(9.8) | 31.7(11.8)
4,5 580 (225.4)* | 522(202.2)° | 29.3(9.4) | 30.2(11.2)
0.02 1 563 (281.3) 518 (266.6) | 33.7(17.4) | 34.3(15.4)
2 584 (224.3)* | 506 (183.8)° | 36.3(22.1) | 30.2 (15.6)
3 606 (252.0)* | 528 (216.8)° | 34.2(17.8) | 32.0(15.0)
4 598 (226.6)® | 539(219.8)° | 29.3 (14.0) | 31.5(15.1)
5 562 (292.6) 505 (237.6) | 29.2 (14.3) | 28.9 (14.9)
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Figure 6.2. Coefficients of variation as a function of grain size for stem density and basal
area in 1977-78 and 2002.
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tracked one another closely, with 1977-78 always slightly higher. The coefficient for 1977-
78 basal area is higher than the 2002 coefficient at the smallest grain size but crosses and
falls below it at grain sizes above 0.04 ha and the separation between paired coefficients is
narrower at 0.1 ha. The coefficients for basal area are higher than those for stem density at
the 0.02 ha grain size but decline more rapidly and fall below the density coefficients at grain
sizes > 0.04 ha. All coefficients decline most steeply between 0.02 and 0.04 grain sizes. At
0.1 ha all attributes in both periods still exhibited a high degree of variability (< 25% for
basal area and almost 35% for stem density). The variance in stem density became level at
grain sizes above 0.08 ha but the trend in variance in basal area suggests it would continue to

decrease at scales > 0.1 ha.

Influence of scale by forest type and disturbance history

The overall relationship between variation and scale in plots sorted by forest type was
similar to the pattern described for all plots combined: variation was high at the smallest
scale (0.02 ha) and decreased with increasing grain size (Figures 6.3 a and b). The 1977-78
density and basal area coefficients are always higher than their paired 2002 coefficient at the
0.02 ha grain size although many of them had switched by the largest grain size. The
declines in basal area coefficients in each forest type are steeper than those for density and all
coefficients decline most steeply between 0.02 and 0.04 ha. The coefficients for HERO
density in both periods are consistently low at all grain sizes, while those for BEECH and
COVE forests are consistently high. In 2002 the variance in HERO density was lower than
1977-78 but in BEECH and COVE forests the 2002 variance was higher than 1977-78 at all

scales. Additionally, the variance in BEECH and COVE densities is consistently more than
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Figure 6.3a,b. Change in coefficients of variation with increasing grain size for stem density
(squares) and basal area (triangles) in 1977-78 (open symbols) and 2002 (closed symbols) for
41 high-elevation deciduous plots sorted by forest type (3a) and disturbance history (3b).
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50% higher than the variance in HERO density. With increasing scale, the trend for most
attributes in each forest type suggested a continued decline at scales > 0.1 ha, but BEECH
density coefficients in both 1977-78 and 2002 increased from 0.08 to 0.1 ha.

The overall patterns between variation and scale by disturbance history are the same as
those by forest type. Variances for undisturbed and diffuse disturbance forest basal areas are
roughly equivalent to those of heavy-cut forests at 0.02 ha, but they decline more steeply
between 0.02 and 0.04 ha and are lower than those of heavy-cut forests at 0.1ha. However,
in diffuse disturbance forests the 2002 variance is lower than the 1977-78 variance at all
scales, but in undisturbed and heavy-cut forests the 2002 variance is higher than 1977-78.
Density coefficients exhibit a different pattern. The variation in heavy-cut density in both
periods is lower than that of undisturbed or diffuse disturbance density at all scales. Between
0.08 and 0.1 ha density coefficients for undisturbed and diffuse disturbance forests are level

or increase slightly, while in heavy-cut forests there is a mild decline.

Discussion

Spatial heterogeneity (as measured by variance) in tree stem density decreased from 1977-
78 to 2002 at all spatial scales. This result supports the hypothesis that processes in late-
successional forests decrease spatial heterogeneity at scales larger than the average
disturbance patch size. However, the observed decrease in variance could be due either to
greater forest stability or as a consequence of a system-wide decline (Chapter 4). Mean
density values also decreased across all scales and year-pair comparisons. Decreases in stem
density in these forests have been correlated with low soil P, which might be due to soil

acidification from deposition of atmospheric N and S (Nodvin et al. 1995).
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In contrast with the consistent scale-wide decreases in density, spatial heterogeneity in tree
basal area at grain sizes > 0.04 ha was higher in 2002 than in 1977-78, though it was lower at
the 0.02 and 0.04 ha scales. The rapid decline between 0.02 and 0.04 ha in all attributes
gives credence to the observation that the size of the average disturbance patch in these
forests is < 0.02 ha.

The forest succession model proposes greater stability in forest attributes over time
(Huston 1994). The model, however, does not distinguish amongst the various spatial scales
at which stability can be measured, or the rate at which various forest attributes reach
stability, despite research indicating that compositional attributes reach equilibrium at larger
scales than structural ones (Kershaw 1957, Busing and White 1993) the forest succession
model remains simplistic relative to our advancing understanding of forest dynamics. The
inconsistent pattern of temporal change in basal area variance, together with the uncertainty
of the reason for the temporal decrease in stem density variance, suggests that the temporal
changes in the high-elevation deciduous forests of western GRSM, when measured at a
maximum grain size of 0.1 ha, do not support the hypothesis that the variance in attributes
decreases through time at spatial scales larger than the sized of the average disturbance patch.

For vegetation ecologists studying natural systems one of the goals of field research is to
establish plots that adequately characterize the range of variation present in a particular
vegetative community. In the field, plots 0.1 ha in size are common (Peet et al 1998). The
efficacy of this plot size in capturing the variation of such commonly measured forest
attributes as tree density and basal area within a forest type is an important question. The
results of this study suggest that the variation in stem density might stabilize at grain sizes

less than 0.1 ha, while the variation in basal area would continue to decline at larger grain
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sizes. The results of this study support those of Busing and White (1993), who suggested
minimum sampling areas of 0.5 ha for structural attributes, such as those measured here, and
1 ha for compositional attributes, which were not measured in this study.

Results of this study indicate that the spatial scale at which the variance in attributes
declines is different in forests by compositional type and disturbance history. As measures of
the physical structure of a forest, tree density and basal area should reflect the size and
dispersion of canopy gaps. Their variation should be greatest at scales equal to or less than
normal gap sizes (< 0.02 ha in these forests) (Busing and White 1993). Variances in tree
density and basal area were greatest at the smallest grain size measured in this study (0.02
ha), but BEECH and COVE forest stem density and basal area variances were considerably
higher than those for HERO forests at the smallest scale and density remained higher at all
scales, suggesting that the processes influencing these attributes occur at different scales in
forests of different composition.

The changes in variance of tree density and basal area by disturbance history contradict
expectations of late-successional forests. In GRSM, undisturbed and diffuse disturbance
forests differ relatively little in the magnitude of human influence prior to the creation of the
park (Pyle 1988) when compared to heavy-cut forests. In this study, it was expected that the
temporal changes in variance in undisturbed and diffuse disturbance would exhibit similar
patterns. However, undisturbed forests were more similar to heavy-cut forests than those
subject to diffuse disturbance. This finding confirms results that showed significant changes
in the attributes of both undisturbed and heavy cut forests (Chapter 4) but not diffuse
disturbance forests. That the means and variances of undisturbed and heavy cut high-

elevation deciduous forests in GRSM changed significantly from 1977-78 to 2002 indicates
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that the dynamics of these late-successional forests do not meet the expectations of the forest

succession model.

Conclusions

In this study the relationship between variance and scale for trees does not follow predicted
patterns of temporal change, given current thoughts on forest succession and the relationship
between stability in forest attributes and disturbance patch size. Additionally, this study
demonstrates that questions of temporal forest change are influenced by composition and
disturbance history. Future work should focus on additional attributes, including descriptors

of composition, and on the spatio-temporal variability in herbs and woody understory stems.
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Chapter 7

Disturbances, perturbations, and vegetation changes in the high-elevation deciduous
forests of Great Smoky Mountains National Park



Abstract

The high-elevation forests of Great Smoky Mountains National Park (GRSM) have often
been considered late-successional climax forests because much of the high-elevation area
was never logged and because they have been protected since 1935. Thus, these forests are
an ideal place to empirically test the following hypothesis of temporal change in late-
successional forests: that in the absence of stand-replacing disturbance, late-successional
forest attributes such as tree density, basal area, and biomass are stable because, with
increasing time since stand establishment, forest dynamics become increasingly dominated
by internal, population level processes whose influence on forest attributes occurs over small
spatial scales. Although studies of temporal change in forest communities over periods
greater than 10 years are rare, they are increasing in number, and they rarely provide
evidence of stability in forest attributes. The purpose of this paper is to review some
concepts relevant to the study of temporal changes in vegetation and more specifically to
compile a list of the potential drivers of changes in the composition and structure of the high-
elevation deciduous forests of GRSM Of the drivers, soil cation concentrations and
aluminum are associated with temporal changes in the tree density and basal area of high-
elevation forests in GRSM. From this review and from the results of studies of temporal
vegetation change in the high-elevation deciduous forests of GRSM, conclusions will be
drawn as to the existence of climax forests in GRSM and the legitimacy of the forest

succession model.
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Historical basis and concepts of long-term vegetation change

The work of early botanists and plant ecologists was focused on identifying individual
species and describing patterns of coexistence, which at large scales were coined
“ecosystems” (Tansley 1935). Although early botanists wrote about the dynamics of plant
communities (Cowles 1899), the idea that ecological process deserved recognition in its own
right was not formalized until the early 20" century with Clements’ (1916) and Gleason’s
(1926) competing views on the mechanisms of plant succession. Subsequent work (Watt
1947, Whittaker 1953) addressed emerging and often conflicting theories of succession. By
the time Whittaker (1953) published his synthetic paper on the nature of vegetation climax,
studies of patterns of vegetation succession on newly denuded ground or abandoned
agricultural land (Oosting 1942) were becoming increasingly common. Evidence for the
development and persistence of a climax vegetation type however, met with much
disagreement (Whittaker 1953). In the more than 50 years since Whittaker’s paper there is
still disagreement as to whether late-successional or old-growth forests are “climax” or self-
replicating forest types, or whether they continually change in composition and structure.

Climax forests are those in which the influence of factors external to the forest, such as
extreme weather events, are relatively unimportant and factors internal to the forest, such as
those related to species life histories, are dominant. Climax forests are, by definition, self-
replicating; the constituent species are adapted to the intrinsic climatic conditions and
ecosystem processes of the community in which they exist. As a concept, stability requires
definition. It would be unwise to suggest that climax vegetative communities are stable in an

absolute sense; plants die, and may be replaced by conspecifics or other species. For this
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reason ecologists have termed stability a “qualitative equilibrium” (White and Jentsch 2001),
or “persistence within stochastically defined bounds” (Connell and Sousa 1983), in
recognition that some degree of variation is expected in any forest system. The amount of
variation that is acceptable before a community is considered unstable has generally been left
up to the researcher.

An understanding of the impact of disturbances on natural systems is central to the study
of succession towards a compositional climax in plant communities (White and Jentsch
2001). Mechanisms of succession in plant communities can be defined as originating from
outside the community (allogenic), or caused by the organisms within the community
(autogenic). Plant successional theory holds that as succession proceeds, community
properties will be less of a reflection of allogenic disturbances and become more stable and
more influenced by autogenic mechanisms (Huston 1994).

Historically, ecologists have recognized disturbances as being “natural” versus those that
are of human origin “anthropogenic”, a distinction that is of increasing relevance, but for
which many exceptions exist. An important implication here is that “natural” disturbances
are “normal” and fall within the suite historical events for which the impacted organisms
have adaptive traits. Calling a disturbance “natural” implies an evolutionary relationship
where the organisms in the ecosystem, through natural selection, become capable of resisting
or rebounding from the disturbance. Populations subject to natural disturbances may lose
individuals but will not go extinct. Ecosystems subject to natural disturbances are capable of
eventually regaining their function. However, resistance to or resilience following a
disturbance may be less likely when the event falls outside of the adaptive history of the

organisms in the ecosystem.
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Anthropogenic disturbances may be intentional, accidental, or incidental. Often the
introduction of novel organisms is of no consequence, and may sometimes be beneficial, but
occasionally the results are dire (Mooney and Hobbs 2000). Plant communities have been
altered by introduced organisms that create novel disturbances to which the native plants
were not adapted (White and Jentsch 2001). Novel disturbances have been termed
“perturbations” to distinguish them from natural disturbances to which organisms are adapted
(White and Pickett 1985) though the term also refers to events that represent a departure from
normal ecosystem dynamics, such as the cessation of fire in a fire-adapted ecosystem.

Disturbances are often defined as events that are relatively discrete in time and space
(White and Jentsch 2001) but the introduction and establishment of exotic pests, and other
anthropogenic disturbances such as climate change (Honnay et al. 2002), and air-pollution
(Aber et al. 2003), are chronic perturbations that can harm native plants and alter ecosystem
processes. Additionally, the persistent nature of these perturbations suggests that some
ecosystems may be simultaneously subjected to more than one novel disturbance.

Chronic perturbations may force ecologists to reconsider the predictions of some common
forest ecology models. Models of biomass accumulation propose distinct stages during
succession: reorganization, aggradation, transition or stagnation, and steady-state phases
(Bormann and Likens 1979; Peet 1981), with increasing stability in the structure and
composition of late-successional forests. These models suggest that after forests reach a late
successional steady-state phase, aboveground biomass and composition should become
relatively stable. Deposition of atmospheric nitrogen is an example of a chronic resource
influx that may change this balance, prolonging or altering each phase and changing the

nature of the forest (Aber et al. 2003). Comprehensive demographic analysis of forest trees
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can provide insight into the alteration of forest growth processes and the potential impact on
forests of chronic resource additions.

The effect of chronic perturbations on native plant populations can best be appreciated
when compared with the long-term rates of vegetation change prior to the perturbation.
Forest successional theory proposes that in the late stages of succession communities become
ecologically saturated, autogenic processes become more important, and late-successional
species competitively exclude early successional ones because of their ability to withstand
lower levels of limiting resources (Huston 1994, Weins 1994, Rees et al. 2001). An
important question in ecology is whether, in the absence of a major exogenous (i.e. stand-
replacing) disturbance, late-successional forests ever reach equilibrium (Woods 2000a). The
answer to this question may depend on the spatio-temporal scale of the study: over short
distances or periods of time forest attributes may seem to be at equilibrium, while over long
distances, or interglacial time scales, compositional equilibrium is unlikely (Davis 1981).
Studies that examine temporal changes in temperate forest dynamics over time scales
relevant to conservation decisions or the life span of the dominant species are rare (Woods
2000a), though data from studies of long-term changes of late-successional temperate forests
indicate that their composition is not stable (Peet 1984, Woods 2000a,b); additional data
from other habitats would strengthen this conclusion.

In relatively stable, or “quasi-equilibrium” communities, Shugart (1984) suggested the
landscape area necessary to measure constancy in biomass was about 50 times the size of the
average disturbance patch size. In a spatially explicit test of this hypothesis, Busing and
White (1993) found that different classifications of community properties demonstrated

constancy at different patch sizes; equilibrium of structural properties such as biomass and
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basal area at smaller spatial scales than did equilibrium of compositional properties such as
relative basal area.

As the studies discussed above illustrate, the results of temporal and spatial studies of
equilibrium in forests raise questions about the validity of equilibrium models of forest
dynamics. Furthermore, these studies highlight the importance of research using permanent
plots, which can be used to collect empirical long-term data with which to test forest
succession models. Still, the question of “how long is long-term?” is an open one (Bakker et
al. 2002); ecologists recognize that over thousands of years forest composition inevitably
changes as species respond individualistically to environmental change (Webb 1986). Many
studies of long-term forest change cover periods of less than 10 years (Woods 2000a); by

comparison, studies covering multiple decades are uncommon.

Overview of GRSM and high-elevation deciduous forests

High-elevation forests in GRSM have been described as climax forests that, in the absence
of allogenic disturbance, are self-replacing (Russell 1953, Whittaker 1956). Because they
have been protected for 70 years, the forests of GRSM represent a standard for late-
successional forests by which processes in other forests can be compared. Due to the
foresight of park personnel, data sets covering the periods from 1935-38 to the late 1970s and
2000-03 are available to address questions regarding the stability of forest attributes, the
effect of novel perturbations, and the importance of scale in long-term forest dynamics.

Whittaker (1956) documented four high-elevation deciduous forest types: two American
beech (which were distinguished by differences in herb composition influenced by changes

in soil moisture) and two oak dominated forest types, which he differentiated by the greater
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importance of northern red oak (Quercus rubra) on moister sites, and white oak (Q. alba) on
dryer sites. Subsequent studies confirmed the importance of northern red oak at higher
elevations in GRSM and identified additional community types (Golden 1981, Callaway et
al. 1987) but interestingly failed to identify white oak forests as a unique compositional
forest type above 1200 m (Golden 1981).

American beech is a very shade-tolerant, slow-growing species capable of regenerating
from sprouts or seeds under a conspecific canopy (Burns and Honkala 1990). Understory
beech stems are capable of responding to small changes in light levels and may undergo
several periods of suppression and release before recruitment into the forest canopy (Canham
1990). In high-elevation GRSM beech forests, beech density may exceed 90% (Russell
1953); regeneration is almost exclusively from sprouts (Sain and Blum 1981), which is
probably the reason for reports of low genetic diversity in these forests (Kitamura and
Kowano 2000). Beech-dominated forests in GRSM should represent a climax forest
community and therefore exhibit stability in compositional and structural attributes in the
absence of allogenic disturbance. However, as monospecific forests with low genetic
diversity, they are susceptible to disease.

High-elevation mixed species deciduous forests in GRSM are an admixture of northern red
oak (Quercus rubra), yellow birch (Betula allegheniensis), silverbell (Halesia tetraptera),
buckeye (desculus octandra), sugar and red maple (Acer saccharum and A. rubrum), and
American beech (Golden 1981, Callaway et al. 1987, White et al. 1993). These forests have
been described as northern hardwood or Appalachian oak depending on the identity of the
dominant species (White et al. 1993). Although they are considered late successional,

mixed-species deciduous forests in GRSM have large percentages of shade-intolerant gap-
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phase (yellow birch) and intermediately shade-tolerant species (northern red oak) (Burns and
Honkala 1990) and might be expected to exhibit an increase in the importance of shade-

tolerant species over the period of this study.

Potential causes of change in the high-elevation forests of GRSM
Recovery from historic disturbances

It is likely that all forests on earth are in some stage of recovery from past disturbance;
depending on the length of time since the disturbance, the reestablishment of ecosystem
processes, and the inherent rate of recovery of a particular forest, even late-successional
forests may not be compositionally or structurally stable. Evidence of continual change in
the attributes of late-successional forests would contradict traditional theories of forest
succession that state that stability in the form of a “qualitative equilibrium” is an obligatory
outcome of succession. For example, late-successional forests with “slow dynamics” such as
the hemlock and hemlock-hardwood forests of Michigan have exhibited measurable changes
in composition during the past three-quarters of a century (Woods 2000a,b) as they continue
to lose shade-intolerant species such as yellow-birch (Betula allegheniensis) hundreds of
years removed from stand-replacing disturbance events.

Nevertheless, forests dominated by extremely shade-tolerant tree species whose offspring
are capable of growing under the shade of canopy conspecifics, such as American beech,
should be at or near equilibrium and therefore exhibit little compositional change. Ina
pattern consistent with that found by Woods (2000a,b), high-elevation beech dominated
forests in GRSM have been changing in composition since at least 1935 as beech relative

density has increased from 62% to almost 81% (Chapter 2). The increase in beech density
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has come at the cost of less shade-tolerant species, such as yellow-birch but even shade-
tolerants like red spruce (Picea rubens) decreased in density. The superior competitive
ability of beech in the habitats it occupies at high-elevations may be most evident in the
absence of stand-replacing disturbances and is probably the cause of its observed increase in
dominance.

In the deciduous forests of eastern North America, a commonly reported change in forest
composition is the replacement of oaks by more shade-tolerant species on mesic sites
(Abrams 1992, Goebel and Hix 1996). Oaks have good seed crops every 3 to 7 years (Burns
and Honkala 1990, Smith 1993), which may extend to once per decade in some species
(Lorimer 1993). Nevertheless, oak canopy recruitment failure is not associated with
regeneration failure, and is recognized as a widespread problem on mesic and quality sites

throughout the range of oaks in the eastern United States (Smith 1993).

Recovery from recent disturbances: selective logging

Though most of the plots used to collect data for this study are in undisturbed or old-
growth forests, roughly 20% occur in forests with varying degrees of human disturbance,
including logging. The decline of oak dominance in high-elevation forests may be due to
successional processes following some prior disturbance that enhanced oak importance.

Diffuse disturbances such as selective logging occurred in some high-elevation forests
prior to the creation of the park (Pyle 1988). However, many of the plots in this study are in
forests considered unlogged because they are on the Tennessee side of the main ridgeline that
bisects the park longitudinally, where logging was less severe due to the multitude of

ownership claims there compared with the North Carolina side (Brown 2000). In this study,
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plots on the North Carolina side are also considered unlogged as they are just below the
ridgeline and are dominated by American beech (Fagus grandifolia), a species with little
commercial value given its relatively small diameter and stunted form at high elevations
(Russell 1953). If selective logging had significantly altered the composition of high-
elevation forests prior to park establishment, and promoted the establishment of the dominant
species in each forest association, a diameter frequency distribution of the 1977-78 survey
should indicate size cohorts that coincide with the cessation of those activities.

However, for the high-elevation beech and red oak forest types, no size cohorts are evident
(Chapters 3 and 4) and size-frequency relationships are consistent with the hypothesis that
these forests uneven aged. Despite reproducing by sprouts and being highly shade tolerant
and therefore capable of remaining indefinitely in the understory, high-elevation beech
populations conform to expected age-size relationships (Chapter 3). Because the size is a
good predictor of age in beech forests, and because of the lack of a size cohort in high-
elevation beech and red oak forests, the evidence for recovery from logging as the cause of

the observed temporal changes in the high-elevation forests of GRSM is tenuous.

Recovery from recent disturbances: livestock grazing

High-elevation areas in GRSM were used for livestock grazing by early European
colonists (Lindsay 1976, Lindsay and Bratton 1979); livestock grazing was widespread
throughout almost all forests in GRSM, except spruce-fir, so even unlogged forests may have
been grazed. Mountaintops and high ridges were sometimes cleared to improve grazing
conditions although the plots in this study are located in areas that remained forested.

Livestock almost certainly descended from the cleared areas into the forests below (where
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some of the plots in this study are located) but the degree to which their grazing altered forest
composition is not known. If livestock grazing reduced seedling densities then the removal
of livestock should have resulted in a tree size cohort. This cohort should be apparent in a
size-class distribution, but it is not and therefore, recovery from livestock grazing is not an

important cause of change in these forests.

Recovery from recent disturbances: chestnut blight

In his study of the forests of GRSM, Whittaker (1956) recognized red oak-chestnut as a
distinct vegetation type, and noted that the two species constituted as much as 80% of the
overstory. At elevations above 1400 m Whittaker reported few other species reaching
canopy status in this forest association. Silverbell (Halesia tetraptera) was the most
abundant submesic understory species; therefore, northern red oak and silverbell may have
increased in importance following the demise of American chestnut (Castanea dentata)
(Whittaker 1956, Woods and Shanks 1959). Historically, chestnut forests have been
described as relatively xeric and open (Woods and Shanks 1959), possibly due to purported
allelopathic qualities of chestnut leaves (Vandermast et al. 2002). Reports of the invasion of
formerly chestnut-dominated stands by mesophytic species are common (Vandermast and
Van Lear 2002), causing the stands to become shadier and more densely populated. Oaks in
general, are relatively intolerant of shade (Larsen and Johnson 1998); oak advance
regeneration has slow growth but high survival in moderate shade (Johnson 1993) and in the
more open forests dominated by chestnut, may have been able to regenerate adequately.
After the demise of chestnut in the southern Appalachians and in GRSM, shade-tolerant

understory stem densities reportedly increased (Keever 1953, Woods and Shanks 1959),
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either from the cessation of additions of allelopathic chestnut leaf litter or the removal of
chestnut as a competitive dominant, and oak regeneration was suppressed.

In GRSM, the demise of chestnut may have caused a surge in recruitment of canopy oak
and other species, followed by oak regeneration failure as forest understories became shadier
due to increased stem densities. However, the oak regeneration problem exists outside the
former range of American chestnut (Lorimer 1993) and thus does not explain regeneration
failure across the geographic range of oak species. Also, given the relatively long life of red

oak it would not explain a decline in abundance of larger oak stems in GRSM (Chapter 4).

Ongoing disturbances. beech bark disease

In GRSM, long-term forest dynamics are being affected by beech bark disease (BBD) an
insect-fungal pathogen complex introduced from Europe. Beech bark disease has caused
severe beech mortality in eastern GRSM since 1993, when it was discovered near Clingmans
Dome (Houston 1994, Chapter 5). The insect has been observed on beech trees in western
GRSM beech forests, but as of the summer of this study, the characteristic effects of BBD
had not been recorded in these stands. Mortality in western GRSM beech forests is not due
to BBD, therefore it represents normal background patterns of mortality to which mortality in
affected stands can be compared (Chapter 5). Additionally, it is unlikely that BBD has
caused significant beech mortality in the mixed species stands in that area and therefore
cannot be the cause of temporal changes documented in them (Chapter 4).

BBD can cause structural changes in beech populations by killing canopy beech trees and

causing them to sprout prolifically. In beech populations in the northeastern United States,
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BBD causes diseased beech to sprout (Houston 1975), though sprout densities in the severely

infected beech forests of eastern GRSM appear to be low in comparison (Chapter 5).

Ongoing disturbances: feral hogs

Feral hogs (European wild boar) have been a factor in GRSM, particularly in western
high-elevation deciduous forests since the 1950s (Bratton 1976). The hogs are generalist
foragers, who spend summers in high-elevation forests, particularly in beech-dominated
forests. Hogs could alter forest dynamics through the direct consumption of mast, such as
acorns, changes in the litter layer following rooting, or the increase in beech stem densities
resulting from hog rooting (Huff 1977). However, seedling densities appear adequate for
most species in the mixed deciduous forests of GRSM (unpublished data), which indicates
that the populations are stable and that neither hogs, nor any other disturbance, have
significantly affected seedling numbers. Also, hogs probably don’t consume stems > 1 cm
DBH, thus hog rooting can’t explain changes in sapling and canopy tree density.
Additionally, evidence from the effects of insect and deer herbivory on oak seedlings in other
areas of the eastern US suggests that although they may be able to consume large proportions
of acorns locally, their activities are highly spatially variable. Oak decline is a regional

problem and not explainable from herbivory alone (Lorimer 1993).

Ongoing disturbances: fire suppression
Certain processes may have been more common prior to the establishment of the park than
in subsequent years. In particular, fire suppression a may have caused an increase in the

density of fire-intolerant understory stems and decrease in less shade-tolerant species as has
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been reported in other eastern US forests (Abrams 1992). In GRSM, fire suppression has
dramatically decreased fire frequencies (Harmon et al. 1983), essentially eliminating it as a
disturbance. However, high-elevation forests in GRSM, such as the ones in this study, get
more rainfall than the lower elevation xeric ridges in western GRSM that burn more
frequently (Harmon 1982). According to Harmon (1982) for the period 1940-1979, both
man and lightning-caused fires on mesic sites above 1500 m were < 1% of all fires. In
GRSM lightning-caused fires are more frequent below 610 m than above (Barden and Woods
1973) as precipitation increases with elevation; temperature, lightning strikes and
anthropogenic ignitions decrease with elevation (Harmon 1982).

In the high-elevation mixed species deciduous forest, northern red oak is the most
abundant species and has the greatest basal area (Chapter 3). As a canopy dominant,
northern red oak is not considered an indicator of frequent historical fire, though it does
expand into cutover and burned areas (Crow 1988, Abrams 1992). In comparison with most
other oaks, northern red oak is intolerant of fire and even large individuals are known to
sustain cambial damage during wildfire events. Wounds from fires provide entry points for
wood decay fungi, consequently prescribed fires have been avoided in hardwood forest
stands (Van Lear and Waldrop 1998). Evidence for the maintenance by fire of red oak
forests on mesic sites is equivocal.

Northern red oak is considered intermediate in shade-tolerance but is less shade-tolerant
and less drought-tolerant (Burns and Honkala 1990) than other canopy co-dominants such as
sugar and red maple, silverbell, and other oak species, such as white oak, with which it co-
occurs in GRSM. It widely believed that high-elevation red oak forests in the southern

Appalachians and GRSM were subject to understory burning (NatureServe 2005) in the past;
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if fire was indeed historically frequent enough to promote northern red oak in the sites in this
study, fire suppression may have favored an increase in shade-tolerant understory stems,
which in turn could have suppressed northern red oak regeneration. However, as noted in the
discussion on hog rooting, oak seedling numbers appear to be adequate in number to replace
dying canopy conspecifics and size structure of northern red oak indicates that there is ample
density of smaller stems. Moreover, there is no evidence that in the forests of GRSM red oak
canopy trees are being replaced by fire-intolerant species, in fact the decline in red oak
forests appears to be part of a larger pattern of decline; therefore, the decline in oak overstory

abundance (Chapter 4) is unlikely to be due to fire suppression.

Ongoing disturbances: atmospheric pollutant deposition and soil N, cations, and Al

Soil chemical changes from atmospheric deposition of nitrogen have been reported to alter
northern hardwood forests in northeastern United States and Europe (Aber et al. 2003, Vacek
et al. 1999). In GRSM, data collected in 1990 at a relatively low elevation (860 m) site near
Elkmont registered levels of nitrate concentrations in rainfall that were surpassed only by
areas in the Ohio Valley and Pennsylvania. Results of another study of dry and wet
deposition at 15 sites within the park found the highest levels of acid deposition at the highest
elevation site (Noland Divide; 1740 m). Furthermore, streams originating within GRSM
have the highest nitrate loadings of any streams draining undisturbed watersheds in the
United States (Stoddard 1994). Stream water nitrate concentration is the recommended
measure of nitrogen status in terrestrial systems (Aber et al. 2003).

In GRSM, stream nitrogen (N) and sulfur (S) can originate from natural sources: nitrate

leaches from old-growth forest litter and sulfur from bedrock formations such as Anakeesta,
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which forms much of the ridgeline in eastern GRSM. Atmospheric deposition from
anthropogenic sources has also been cited for the high levels of nitrate and sulfur in GRSM
streams (Cook et al. 1994). The initial effects of nitrogen deposition may be to enhance
growth (Aber et al. 2003), and it may enhance the shade tolerance of some species (Catovsky
and Bazzaz 2002). Continued deposition has been reported to benefit European beech
(Fagus sylvatica) (Dittmar et al. 2003), but long-term exposure to nitrogen deposition is
expected to negatively affect forest health. Acid deposition in the form of nitrogen and sulfur
can damage trees directly through the affects of acids on plant tissues, or it can cause the loss
of important soil cations such as calcium (Ca), magnesium (Mg), and potassium (K and
mobilize soil aluminum (Al), which is toxic to plant roots (Brady 1990). Additionally, a
low Ca:Al ratio has been implicated as a limiting factor in the growth of northern red oak
(Decker and Boerner 1997, Fisher and Binkley 2000). High levels of soil aluminum have
been reported in some GRSM forests (Johnson et al. 1991).

Additions of both atmospheric S and N may affect forest growth by increasing the
concentration of anions, including Al, which increases faster than other cations. Sulfate
leaching can further compound the problem of Al availability by removing base cations,
lowering their supply in forest soils. Nitrates can cause nutritional imbalances in forest trees
by altering foliar N:Mg ratios (Fisher and Binkley 2000). Though there is some
disagreement among researchers, it has never been conclusively shown that atmospheric N
additions lead to forest decline, and in Europe atmospheric additions of N have been
correlated with enhanced tree growth of 20-40%.

In the high-elevation forests of GRSM soil chemicals are strongly associated with changes

in forest structure (Chapters 3 and 4), but not with BBD severity (Chapter 5). In the high-

181



elevation beech dominated forests found throughout GRSM, soils typically have low pH, but
biomass accumulation is associated with low soil cation and high Al concentrations (Chapter
3). Given the toxicity of soil Al at low soil pH, this pattern is contrary to what would be
expected, but might be explained by either the ability of beech to thrive in low pH soils, or
the nature of soils under beech dominated forest canopies. High-elevation beech forests have
long been known to have some of the most acid soils of any deciduous forest (Cain 1931),
which gives evidence that high-elevation beech are well-adapted to such conditions.
Furthermore, beech litter, which would be the dominant litter in high-elevation beech forests
because they contain more than 80% beech, may harbor smaller microbial populations which
would decrease nitrogen mineralization rates (Lovett and Rueth 1999). If either or both of
these circumstances is true, beech forests could continue to thrive with continual inputs of
atmospheric acids.

In the mixed species forests of western GRSM, patterns of forest decline are associated
with low concentrations of certain soil cations and high soil Al (Chapter 4), which is
consistent with predictions that changes in soil acidity can cause forest-wide patterns of
decline. In contrast with the results of Chapter 3, beech populations in this study declined
modestly in basal area and abundance. However, the beech forest plots that were part of this
analysis were almost entirely different than the plots used in Chapter 3 and beech relative
abundance was only about half that of the high-elevation beech forest study. Given the
likelihood that the abundance of beech leaf litter can influence the cycling of soil nutrients,

the contrasting results in Chapters 3 and 4 is a reasonable hypothesis but needs further work.
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Ongoing disturbances: ozone damage

At high elevations in the park ozone reaches levels high enough to damage leaf tissues
(Shaver et al. 1994). Studies of the affect ozone has on individual tree species indicate that
black cherry (Prunus serotina), ash (Fraxinus americana), sassafras (Sassafras albidum),
tulip poplar (Liriodendron tulipifera) and table mountain pine (Pinus serotina) are
susceptible to foliar injury from ozone (Shaver et al. 1994) but only about 2% of leaf area
was affected. Ozone concentrations can be twice as high at high-elevations as at low. In a
study of the ozone susceptibility of trees found in GRSM, Neufeld et al. (1992) listed several
susceptible species found at high-elevations, but northern red oak was not one of them;
northern red oak showed no decline in growth when subjected to various levels of ozone
(Simini et al. 1992, Samuelson et al. 1996). It does not appear that ozone, by itself, is a likely
driver of changes in forest dynamics in GRSM. It is important to note however, that in
GRSM, areas with the highest ozone concentrations also had the highest levels of
atmospheric nitrogen and sulfur deposition. Both ozone and acid deposition have been
linked to reduced cold hardiness in some trees (Barnes and Davison 1988, Barnard and

Lucier 1990).

Scale of observation

Although scale itself is not a driver of forest change, the scale at which observers measure
forest attributes can influence their conclusions about the stability of the system. It is easy to
imagine very small spatial and temporal scales of observation at which equilibrium could be
observed, but those scales are often not relevant to the study of plant communities. Possibly

because of the dearth of usable old data sets, studies of temporal forest change rarely exceed
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10 years. Whether data from studies covering periods less than a decade adequately predicts
longer-term forest dynamics is an open question (Bakker et al. 1996), but studies covering
longer periods are needed.

In an attempt to identify the scale at which quasi-equilibrium could be reached, Shugart
(1984) proposed that at a minimum, an area of at least 50 times the sized of the average
disturbance patch was necessary. Biomass is an attribute commonly used by ecologists to
measure forest stability (Bormann and Likens 1979), but as Busing and White (1993)
demonstrated, compositional attributes require greater area to reach equilibrium than
structural ones. In GRSM variances of tree density and basal area at grain sizes ranging from

0.02 to 0.1 ha did not conform to the forest succession model (Chapter 6).

Conclusions

The late-successional high-elevation forests of GRSM are not examples of climax, self-
replacing, or steady-state forest associations. Because of their frequency and ubiquity
disturbances and perturbations keep these forests in a continual state of transition, recovering
from the last event, or in some cases, evolving in response to an ongoing event. High-
elevation beech dominated forests have long been considered a climax forest type but data
from this dissertation indicates that successional changes there have been continuous for 65
years and are ongoing. Similar those documented in other eastern forests, changes in the
attributes of the high-elevation forests of GRSM may be slow enough that a disturbance
event will inevitably set back succession before any semblance of stability is reached.

One of the patterns that emerges from a holistic view of the results of this dissertation is

that the high-elevation forests of GRSM are all changing, but not in the same direction, nor to
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the same degree. Even in forests dominated by beech, some have gained basal area and
biomass in recent decades, while others appear to be in decline. Because the decline cannot
be attributed to BBD, and the main difference between them is the greater relative abundance
of beech in the overstory of biomass accreting forests, the contrasting successional
trajectories could be due to mass of beech leaf litter on the forest floor and its influence on
nutrient cycling.

This dissertation provides empirical evidence that even protected, late-successional forests
do not demonstrate stability in attributes. The concept of climax or stable forests that
represent an endpoint in succession has only heuristic value in forest ecology, it is perhaps

best to refer to them as late-successional.

185



References

Aber, J.D., A. Magill, R. Boone, J.M. Mellilo, P. Steudler, R. Bowden. 1993. Plant and soil
responses to chronic nitrogen additions at the Harvard Forest, Massachusetts. Ecological
Applications 3:156-166.

Aber, J.D., C.L. Goodale, S.V. Ollinger, M.L. Smith, A.H. McGill, M.E. Martin, R.A.
Hallett, J.L. Stoddard. 2003. Is nitrogen deposition altering the nitrogen status of
northeastern forests? BioScience 53:375-389.

Abrams, M.D. 1992. Fire and the development of oak forests. BioScience 42:346-353.

Bakker, J.P., R.H. Marrs, R.J. Pakeman. 2002. Long-term vegetation dynamics:
Successional patterns and processes. Introduction. Applied Vegetation Science 5:2-6.

Barden, L..S. and F.W. Woods. 1973. Characteristics of lightning fires in southern
Appalachian forests. Proceedings of the Annual Tall Timbers Fire Ecology Conference. No.
13.

Barnard, J. and A.A. Lucier. 1990. Changes in forest health and productivity in the United
States and Canada. State of science and technology report 16. National Acid Precipitation
Assessment Program. Washington, DC.

Barnes, J.D. and A.W. Davison. 1988. The influence of ozone on the winter hardiness of
Norway spruce (Picea abies (L.) Karst). New Phytologist 108:159-166.

Bormann, H. and G. Likens. 1989. Pattern and process in a forested ecosystem. Springer-
Verlag, NY. 253 pp.

Brady, N.C. 1990. The nature and properties of soils, 10™ ed. MacMillan Publishing Co.
New York. 621pp.

Bratton, S.P. 1975. The effect of the European wild boar (Sus scrofa) on the gray beech
forest in the Great Smoky Mountains. Ecology 56:1356-1366.

Brown, M.L. 2000. The Wild East: A biography of the Great Smoky Mountains. University
Press of Florida, Gainesville. 457 pp.

Burns, R.M. and B.H. Honkala. 1990. Silvics of North America, Vol. 2, Hardwoods.
Washington DC: U.S.D.A. Forest Service Agriculture Handbook 654

Busing, R.T. and P.S. White. 1993. Effects of area on old-growth forest attributes:
implications for the equilibrium landscape concept. Landscape Ecology 8:119-126.

186



Cain, S.A. 1931. Ecological studies of the vegetation of the Great Smoky Mountains of

North Carolina and Tennessee. 1. Soil reaction and plant distribution. Botanical Gazette
91:22-41.

Canham, C.D. 1990. Suppression and release during canopy recruitment in Fagus
grandifolia. Bulletin of the Torrey Botanical Club 117:1-7.

Catovsky, S., F.A. Bazzaz. 2002. Nitrogen availability influences regeneration of temperate
tree species in the understory seedling bank. Ecological Applications 12:1056-1070.

Clements, E.E. 1916. Plant succession: an analysis of the development of vegetation.
Institute of Washington Publ 242. Washington, D.C. Carnegie Institute of Washington.

Cook, R.B., J.W. Elwood, R.R. Turner, M.A. Bogle, P.J. Mulholland, A.V. Palumbo. 1994.
Acid-base chemistry of high-elevation streams in the Great Smoky Mountains. Air Water
and Soil Pollution 72:331-356.

Cowles, H.C. 1899. The ecological relations of the vegetation of the sand dunes of Lake
Michigan (Concluded). Botanical Gazette 27:361-391.

Crow, T. R. 1988. Reproductive mode and mechanisms for self-replacement of northern red
oak (Quercus rubra): a review. Forest Science 34: 19-40.

Davis, M.B. 1981. Quaternary history and the stability of forest communities. In: Forest
Succession: Concepts and Applications. (West, D.C., H.H. Shugart, D.B. Botkin, eds).
Springer-Verlag, N.Y.

Decker, K.L.M. and R.E.J. Boerner. 1997. Ca:Al ratio effects on growth and competitive
interactions of northern red oak (Quercus rubra) and yellow poplar (Liriodendron tulipifera).
Journal of the Torrey Botanical Society 124:286-296.

Dittmar, C., W. Zech, W. Elling. 2003. Growth variations of common beech (Fagus
sylvatica L.) under different climatic and environmental conditions in Europe — a
dendroecological study. Forest Ecology and Management 173:63-78.

Fisher, R.F. and D. Binkley. 2000. Ecology and management of forest soils. John Wiley &
Sons, N.Y. 489 pp.

Gleason, H.A. 1926. The individualistic concept of the plant association. Bulletin of the
Torrey Botanical Club 53:1-20.

Goebel, P.C. and D.M. Hix. 1996. Development of mixed-oak forest in southeastern Ohio: a

comparison of second-growth and old-growth forests. Forest Ecology and Management.
84:1-21.

187



Golden, M.S. 1981. An integrated multivariate analysis of forest communities of the central
Great Smoky Mountains. American Midland Naturalist 106:37-53.

Harmon, M.E. 1982. Fire history of the westernmost portion of Great Smoky Mountains
National Park. Bulletin of the Torrey Botanical Club 109:74-79.

Harmon, M.E., S.P. Bratton, P.S. White. 1983. Disturbance and vegetation response in
relation to environmental gradients in the Great Smoky Mountains. Vegetatio 55:129-139.

Honnay, O., K. Verheyen, J.Butaye, H. Jaquemyn, B. Bossuyt, M. Hermy. 2002. Possible
effects of habitat fragmentation and climate change on the range of forest plant species.
Ecology Letters 5:525-530.

Houston, D.R. 1975. Beech bark disease, the aftermath forests are structured for a new
outbreak. Journal of Forestry 73:660-663.

Houston, D.R. 1994. Major new tree disease epidemics: beech bark disease. Annual
Review of Phytopathology 32:75-87.

Huff, M.H. 1977. The effect of the European wild boar (Sus scrofa) on the woody
vegetation of gray beech forest in the Great Smoky Mountains. National Park Service
Management Report No. 18.

Huston, M.A. 1994. Biological Diversity: The coexistence of species on a changing
landscape. Cambridge University Press, Cambridge, UK. 681 pp.

Johnson, D.W., J. Van Migroet, S.E. Lindberg, D.E. Todd, R.B. Harrison. 1991. Nutrient
cycling in the red spruce forests of the Great Smoky Mountains. Canadian Journal of Forest
Research 21:769-787.

Johnson, P.S. 1993. Sources of oak regeneration. In: Loftis, D.L. and McGee, C.E. (eds).
Oak regeneration: serious problems, practical recommendations. GTR SE-84, USDA Forest
Service, pp 112-133.

Keever, C. 1953. Present composition of some stands of the former oak-chestnut forest in
the southern Blue Ridge Mountains. Ecology 34:44-55.

Kitamura, K. and S. Kawano. 2001. Regional differentiation in genetic components for the
American beech, Fagus grandifolia Ehrh., in relation to geological history and mode of

reproduction. Journal of Plant Research 114:353-368.

Larsen, D.R. and P.S. Johnson. 1998. Linking the ecology of natural oak regeneration to
silviculture. Forest Ecology and Management 106:1-7.

188



Lindsay, M. 1976. History of the grassy balds in Great Smoky Mountains National Park.
USDI Park Service, Uplands Field Research Lab, Great Smoky Mountains National Park,
TN. Management Report No. 4. 215 pp.

Lindsay, M. and S.P. Bratton. 1979. The vegetation of grassy balds and other high-elevation
disturbed areas in the Great Smoky Mountains National Park. Bulletin of the Torrey
Botanical Club 106:264-275.

Lorimer, C.G. 1993. Causes of the oak regeneration problem. In: Loftis, D.L. and McGee,
C.E. (eds). Oak regeneration: serious problems, practical recommendations. GTR SE-84,
USDA Forest Service, pp 14-39.

Lovett, G.M. and H. Rueth. 1999. Soil nitrogen transformations in beech and maple stands
along a nitrogen deposition gradient. Ecological Applications 9:1330-1344.

Mooney, H.A. and R.J. Hobbs. 2000. Introduction. In: Invasive Species in a Changing
World (Mooney, H.A. and R.J. Hobbs, eds). Island Press, Washington, D.C.

NatureServe. 2005. NatureServe Explorer: An online encyclopedia of life [web application].
Version 4.2. NatureServe, Arlington, Virginia. Available
http://www.natureserve.org/explorer. (Accessed: February 27, 2005 ).

Neufeld, H.S., J.R. Renfro, W.D. Hacker, D. Silsbee. 1992. Ozone in Great Smoky
Mountains National Park: dynamics and effects on plants. In: Berglund, R., ed. Transactions:
tropospheric ozone in the environment II. Pittsburgh, PA, USA. Air and Waste Management
Association, 594-617.

Oosting, H.J. 1942. An ecological analysis of the plant communities of Piedmont, North
Carolina. American Midland Naturalist 28:1-126.

Peet, R.K. 1981. Changes in biomass and production in secondary forest succession. In:
Forest Succession: concepts and applications. (D.C. West, H.H. Shugart, and D.B. Botkin,
eds). Springer Verlag, NY. 517 pp.

Peet, R. K. 1984. Twenty-six years of change in a Pinus strubus, Acer saccharum forest,
Lake Itasca, Minnesota. Bulletin of the Torrey Botanical Club 111:61-68.

Pyle, C. 1988. The type and extent of arithropogenic vegetation disturbance in the Great
Smoky Mountains before National Park Service acquisition. Castanea 53:225-235.

Rees, M., R. Condit, M. Crawley, S. Pacala, and D. Tilman. 2001. Long-term studies of
vegetation dynamics. Science 293:650-655.

Russell, N.H. 1953. The beech gaps of the Great Smoky Mountains. Ecology 34:366-374.

189



Sain, R.E. and K.E. Blum. 1981. Seedling production in the high-elevation beech (Fagus
grandifolia Ehrh.) forests of the Great Smoky Mountains National Park. Castanea 46: 217-
224.

Samuelson, L.J., JM. Kelly, P.A. Mays, G.S. Edwards. 1996. Growth and nutrition of
Quercus rubra L. seedlings and mature trees after three seasons of ozone exposure.
Environmental Pollution 91:317-323.

Shaver, C.L., K.A. Tonnessen, T.G. Maniero. 1994, Clearing the air at Great Smoky
Mountains National Park. Ecological Applications 4:690-701.

Shugart, H.H. 1981. A theory of forest dynamics. Springer-Verlag, N.Y.

Simini, M., J.M. Skelly, D.D. Davis, J.E. Savage. 1992. Sensitivity of four hardwood
species to ambient ozone in north central Pennsylvania. Canadian Journal of Forest Research
22:1789-1799.

Smith, D.W. 1993. Oak regeneration: the scope of the problem. In: Loftis, D.L. and
McGee, C.E. (eds). Oak regeneration: serious problems, practical recommendations. GTR
SE-84, USDA Forest Service, pp 14-39.

Stoddard, J. 1994. Long-term changes in watershed retention of nitrogen: its causes and
consequences. In: Environmental chemistry of lakes and reservoirs. (L.A. Baker, ed.).
Advances in chemistry series number 237, American Chemical Society, Washington, D.C.

Tansley, A.G. 1935. The use and abuse of ecological concepts and terms. Ecology 16:284-
307.

Vacek, S., M. Bastl, J. Leps. 1999. Vegetation changes in the forests of the Krkonose Mts
over a period of air pollution stress (1980-1995). Plant Ecology 143:1-11.

Vandermast, D.B. and D.H. Van Lear. 2002. Riparian vegetation in the Southern
Appalachian Mountains (USA) following chestnut blight. Forest Ecology and Management
155:97-106.

Vandermast, D.B., D.H. Van Lear, and B.D. Clinton. 2002. American chestnut as an
allelopath in the southern Appalachians. Forest Ecology and Management 165: 173-181.

Van Lear, D.H. and T.A. Waldrop. 1989. The role of fire in oak regeneration. Pp. 67-78.

In: Loftis, D. and C.E. McGee, eds. Symposium proceedings, Oak regeneration: Serious
problems, practical recommendations. General Technical Report SE-84. U.S. Department of
Agriculture, Forest Service. Asheville, N.C.

Watt, A.S. 1947. Pattern and process in the plant community. Journal of Ecology 35:1-22.

Webb, T. III. 1986. Is vegetation in equilibrium with climate? How to interpret late-
Quaternary pollen data. Vegetatio 67:75-91.

190



Weins, JA. 1984. On understanding a non-equilibrium world: myth and reality in community
patterns and processes. In: D.R. Strong, D. Simberloff, L.G. Abele, A.B. Thistle, eds.
Ecological Communities: conceptual issues and the evidence. Princeton University Press,
Princeton, NJ. 613 pp.

White, P.S. and S.T.A. Pickett. 1985. Natural disturbance and patch dynamics: An
introduction. In: The Ecology of Natural Disturbance and Patch Dynamics (Pickett, S.T.A.
and P.S. White, eds). Academic Press, San Diego.

White, P.S., E.R. Buckner, J.D. Pittillo, and C.V. Cogbill. 1993. High-elevation forests:
spruce-fir forests, northern hardwoods forests, and associated communities. In: Biodiversity
of the southeastern United States: Upland Terrestrial Communities (W.H. Martin, S.G.
Boyce, and A.C. Echternactht, eds). John Wiley & Sons, Inc., N.Y. 373 pp.

White, P.S. and A. Jentsch. 2001. The search for generality in studies of disturbance and
ecosystem dynamics. Progress in Botany 62:399-450.

Woods, F.W. and R.E. Shanks. 1959. Natural replacement of chestnut by other species in
Great Smoky Mountains National Park. Ecology 40:349-361.

Woods, K.D. 2000a. Dynamics in late-successional hemlock-hardwood forests over three
decades. Ecology 81:110-126.

Woods, K.D. 2000b. Long-term change and spatial pattern in a late-successional hemlock-
northern hardwood forest. Journal of Ecology 88:267-282.

191





