




















































































































































































































































































































exceeds the capacity of the organisms to absorb N. This definition, unfortunately. ignores the
role of abiotic mechanisms of retention that may operate in many ecosystems (e.g..
Nadelhoffer et al. 1995; Koopmans, Tietema, and Boxman 1996; Tietema et al. 1998). Aber
et al. (1989; Aber 1992) describe N saturation in terms of fundamental changes in ecosystem
functioning, such as significant leaching losses of N or elevated rates of net nitrification.
Agren and Bosatta (1988) and Binkley and Hogberg (1997) restricted their definition to the
hypothesized extreme impact of elevated N deposition, namely 0% retention of N inputs. In
such ecosystems, losses of N via denitrification or leaching into groundwater are equal to N
inputs from N fixation and atmospheric deposition.

[ employ the strictest definition of N saturation, namely that inputs of N into an
ecosystem equal the outputs because of the consistency with standard English usage of the
word “saturation” (Binkley and Hogberg 1997). Furthermore, a “process”’-based definition
such as that favored by Aber (1992) relies on comparisons of ecosystem functioning before
and after anthropogenic disturbance. Data on ecosystem functioning prior to anthropogenic
disturbance, as required for application of Aber’s (1992) model, may not be available (i.e..
the rate of nitrate leaching losses in the past). Recognizing that N inputs may change
ecosystem processes in important ways prior to the onset of complete N saturation (Aber et
al. 1989; Gunderson 1991; Aber 1992), | will characterize ecosystems in which N retention is
less than 100%, but in which inputs do not equal outputs, as “nitrogen leaky” (sensu Christ et

al. 1995).
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4.3.To what extent are ecosystems in North America and Europe N-saturated?

In spite of the elevated atmospheric N inputs that much of eastern North America and
Europe have received for the last 20-40 years. only a handful of sites in either region appear
to experience leaching losses of N similar in magnitude to N inputs. In North America.
nitrate leaching losses at or close to measured throughfall inputs were found in two of 16
sites in which input-output budgets were measured: a northern hardwoods forest in Ontario
(Foster et al. 1989; Van Miegroet, Lovett. and Cole 1992) and a hardwoods forest in the
Cascade Mountains of Washington State dominated by the N-fixing tree. red alder. In
addition, a mixed hardwoods forest in West Virginia has been reported to be N saturated
(Stoddard 1994; Gilliam, Adams, and Yurish 1996; Peterjobn, Adams, and Gilliam 1996:
Adams, Angradi, and Kochenderfer 1997). N saturation of European ecosystems is more
frequent; nine of 64 ecosystems measured as part of the “Elemental Cycling and Output-
fluxes in Forest Ecosystems in Europe” (ECOFEE) survey were apparently N-saturated
(Gunderson 1995).

Although few ecosystems experience leaching losses high enough to qualify as N-
saturated. N-leakiness is relatively common in North America and Europe. Van Miegroet.
Lovett and Cole (1992) reported that six of the 14 sites in North America that were not N-
saturated experienced significant leaching losses of N: two old-growth spruce-fir forests and
one beech forest in Great Smoky Mountains National Park in Tennessee, a spruce-fir forest at
Whiteface Mountain in New York, a mixed hardwood forest in Huntington Forest. New
York, and a loblolly pine forest at Oak Ridge. Tennessee. High-elevation forests in the
eastern United States appear to be most vulnerable to N-leakiness, perhaps because of greater

levels of N inputs at higher elevations in the east relative to low-elevation sites and other
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regions in North America. 60% of the sites sampled in Europe by ECOFEE leached more
than 5 kg N ha™ yr'! (Gunderson 1995). N-leakiness in Europe is most prevalent in the
central and northern parts of the continent (Dise and Wright 1995).

Denitrification is another mechanism by which N may be lost from an ecosystem. but
the amount of N lost from most ecosystems via denitrification is small compared to leaching
losses of ammonium and nitrate. Denitrification results in the gaseous loss of nitrogen gases
such as NO, N>0, and N, from ecosystems. The rate of denitrification is greatest in wet or
heavily fertilized soils with high concentrations of nitrate, though denitrification has been
shown to occur even in well-drained, upland soils (Schiesinger 1997). Although increases in
trace gas flux have been observed following N-fertilization (Emmett, Stevens. and Reynolds
1995), the total loss of N via denitrification in even N-saturated ecosystems has been less
than 5 kg N ha' yr'! (Magill et al. 1997). Sucha level of N loss is likely to be of minor
importance relative to leaching losses of inorganic N. and the loss of N via denitrification is
frequently assumed to be negligible in N-fertilization studies (e.g., Tietema et al. 1998:

Koopmans et al. 1995; Christ et al. 1995; Chapter 3, this volume).

4.4.What factors influence the development of N saturation?

Aber et al. (1989; Aber 1992) proposed a conceptual model to summarize ecosystem
responses to increased N inputs and the development of N saturation (Table 1). Ecosystem
responses to continuing N inputs are described in a series of stages defined by soil N cycling
and N retention by the ecosystem. Briefly, as N inputs increase N availability in an
ecosystem, the ability of vegetation and microbial populations to take up that new N

decreases and N limitation of biotic productivity is replaced by limitation by other
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environmental factors (such as the availability of water or labile C). As a result. inorganic N
pools increase in size and the rate of net nitrification, very close to zero in strongly N-limited
ecosystems, increases. The nitrate produced via net nitrification accumulates in the soil and is
exposed to leaching loss and transport into groundwater.

A number of landscape-scale studies in North America and Europe have tried to
relate N leaching losses to ecosystem characteristics in various watersheds (Van Miegroet.
Lovett, and Cole 1992; Dise and Wright 1995; Gunderson 1995). The amount of N entering
an ecosystem, the form of N that dominates the N input, and the amount of mineralized N
that becomes nitrified are the most important factors in the development of N saturation in an
ecosystem:

1) The greater the level of N input, the greater the level of N leaching losses in European
ecosystems. The level of N input was a strong predictor of N leaching losses from
European sites sampled as part of the Evaluation of Nitrogen and Sulfur Fluxes
(ENSF), explaining 69% of the variation in N leaching losses (Dise and Wright
1995). All sites receiving N inputs above 25 kg N ha™! yr'! leached large amounts of
nitrate. N deposition rates between 10 and 25 kg N ha™! yr'' displayed wide range of
nitrate leaching rates, with some sites retaining N and some sites losing up to 80% of
the N inputs via leaching loss. At N-input levels below 10 kg N ha” yr'. nitrate
leaching losses were minimal. N leaching from ECOFEE sites in Europe showed a
similar sensitivity to the level of N input (Gunderson 1995).

The correlation between N input levels and N leaching losses was much

weaker in North American ecosystems (Van Miegroet, Lovett, and Cole 1992). N

inputs explained only 11% of the variation in N leaching losses. However, relatively
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2)

few ecosystems in North America as compared to European ecosystems experience N
deposition rates above 25 kg N ha™! yr'! (Figure 1). As a result, few North American
ecosystems experience N input rates high enough that variation in ecosystem N
retention does not influence N leaching.

Duration of elevated N deposition is another factor that likely affects N
leaching losses. The total amount of N input into an ecosystem may play a larger role
in ecosystem N cycling than present-day deposition rates. Obviously, historical rates
of N deposition are impossible to estimate where no monitoring took place, but
extensive regional deposition networks were established in North America and
Europe in the mid-1970’s (Dise and Wright 1995; National Atmospheric Deposition
Program 1997). Estimates of N deposition over time should be factored into future
attempts to relate N leaching losses to environmental variables.

The capacity of ecosystems to retain ammonium appears to be greater than their
ability to retain nitrate. Ecosystems in Europe receiving high levels of ammonium-
dominated N inputs were able to retain a higher proportion of the added N than
ecosystems receiving nitrate-dominated N inputs. (Dise and Wright 1995: Gunderson
1995). Nitrate is a highly mobile ion that is more vulnerable to leaching into
groundwater than ammonium, and its mobility likely explains its heightened impact
on ecosystems. The proportion of N deposition as nitrate is greater in North America
than in Europe due to differences in the origin of N emissions. A given level of N
input may affect North American ecosystems more than European ecosystems
receiving similar rates of N deposition due to the greater importance of nitrate

deposition in North America.
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3) The greater the amount of N and the lower the C:N ratio in the soil, the greater the
probability that the ecosystem is N-leaky or N-saturated. Soil C:N ratios were
negatively correlated with nitrate losses from ecosystems in North America (Van
Miegroet, Lovett, and Cole 1992), southwestern Sweden (Nohrstedt et al. 1996), and
Finland (Kortelainen, Saukkonen, and Mattsson 1997). Soil C:N ratios were not
sampled in the ENSF study of European ecosystems, but a positive relationship was
found between %N in the mineral soil and N leaching losses in Europe (Dise and
Wright 1995). High C:N ratios and low %N in the soil favor microbial
immobilization of N. Immobilization of ammonium and nitrate by microbial
populations can reduce the rate of net nitrification and the amount of nitrate available
for leaching (Vitousek and Matson 1985: Davidson, Hart, and Firestone 1992; Hart et
al. 1994) and forms a key part of Aber’s model of the development of N saturation
(Aber et al. 1989; Aber 1992).

4) The land-use and disturbance history in an ecosystem have been suggested as factors
in the development of N saturation (Magill et al. 1997; Aber and Driscoll 1997).
Land-use practices such as fertilization for agricultural or silvicultural use should
increase N pools in the ecosystem, thereby speeding the development of N saturation
(see above). Meanwhile, ecosystems recovering from a disturbance such as harvest or
fire may experience greater uptake of N by vegetation during the aggrading stage of
ecosystem development (sensu Bormann and Likens 1994) and lower N losses. Thus
far, no consistent relationship between either land-use practices or disturbance history
and N leaching has been found. Magill et al. (1997) attributed differences in N

retention between pine and hardwood forests in Harvard Forest, MA to the fact that
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the pine site was in the process of succeeding from an old field, whereas the
hardwood site had never been cleared or treated. However, attempts to relate land-use
or disturbance histories to ecosystem N cycling across a range of sites have not been
successful. Aber and Driscoll (1997) found no significant relationship between land-
use history or disturbance and nitrate leaching in six watersheds in the White
Mountains, NH. Kortelainen, Saukkonen, and Mattsson (1997) and Dise and Wright
(1995) obtained similar results for Finland and the rest of Europe, respectively. Thus,
the importance of land-use history for the development of N saturation in areas

experiencing elevated N deposition has not been established.

4.5.What ecosystem pools are responsible for N retention?

The amount of N that leaches out of an ecosystem is strongly influenced by the
capacity of biotic and abiotic pools to take up and store inorganic N as it accumulates in the
soil solution. An ecosystem’s capacity for N retention can be thought of as the sum of the
ecosystem components’ individual net N storage. The strength of a particular component of
the ecosystem to act as a N sink can be demonstrated by comparing the N content of the
compartment before and after N addition or in treatment and control areas ( e.g., Tamm et al.
1995; Magill et al. 1997, Chapter 3, this volume). The use of I5N tracers have proven to be
especially effective in measuring the importance of large and heterogeneous N pools such as
soil organic matter (e.g., Nadelhoffer et al. 1995; Koopmans, Tietema, and Boxman 1996;

Tietema et al. 1998).
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Vegetation

Vegetation has been shown to be an important factor in N retention due to both the
amount of N retained and the slow turnover of N in vegetative structures. Forest vegetation is
the second largest pool of N in many ecosystems, and is capable of taking up as much as one-
third of experimental N additions (Table 2). Once incorporated into biomass, N in vegetation
may be isolated from N cycling in the ecosystem for a long period due to the longevity of
wood and other plant parts, translocation of nutrients prior to leaf loss, and the resistance of
plant litter to decomposition.

Most studies have found that trees allocate a greater proportion of N taken up to
foliage than to woody structures (Table 2). The increase in foliar N takes place as both an
increase in leaf biomass and an increase in concentration of N in leaf tissue. A significant gap
in our understanding of the importance of vegetation in N retention is the role that growth of
and N allocation to fine roots plays in N dynamics. Magill et al. (1997) found that increased
fine root production was responsible for retention of 6.5-7.8 kg N ha™! yr'! in N-fertilized
pine plots and 8.5-12.5 kg N ha' yr! in N-fertilized hardwood plots. Conversely, Corbin and
Levy (Chapter 3, this volume) found no significant change in fine root production in N-
fertilized mixed hardwood plots at Mountain Lake, VA. The inconsistent results between the
studies by Magill et al. (1997) and Corbin and Levy (Chapter 3, this volume) may be due to
the fact that fine root biomass is a large and heterogeneous N pool. 5N studies, which are
better-able to resolve changes in N content of large N pools, may be more appropriate to
assess the importance of fine roots in N retention than non-isotope techniques. Future

budgets of ecosystem N retention using '°N addition should quantify N retained in fine roots.

99



The response of fine roots, potentially a large ecosystem N pool, to N addition should be
quantified in future budgets.

The capacity of vegetation to take up added N may become saturated by large N
inputs or N inputs over an extended period of time. N uptake by vegetation frequently
reaches a maximum level beyond which increasing N inputs have little effect. Magill et al
(1997) found that vegetation in a red pine forest receiving 324 kg N ha™' over a six-year
period took up 103 kg N ha™!, while plots receiving 874 kg N ha™ took up 109 kg N ha'. The
difference between low-N (324 kg N ha™) and high-N (874 kg N ha'') treatments in a nearby
northern hardwoods forest was 54 kg N ha’'. Christ et al. (1995) found that the amount of N
taken up by vegetation was only slightly greater in plots receiving 1040 kg N ha than the
amount of N taken up by vegetation in plots receiving 320 kg N ha™ at Hubbard Brook. NH.
The capacity of vegetation to take up N may decrease over time, as well. Nadelhoffer et al.
(1995) found that the amount of IS5\ assimilated into beech foliage at Bear Brook Watershed,
ME during the four-year experiment decreased each year. The attenuation of the amount of N
taken up by trees over time or with increasing N inputs is likely the result of vegetation
growth by another factor, such as water or a soil nutrient besides N, that places an upper limit
on N uptake.

Understory vegetation can contribute to ecosystem N retention, as well. Corbin
(Chapter 3, this volume) found that addition of 97 kg N ha™' yr! resulted in an increase in N
storage by the understory plant community by 1.6 kg N ha™! yr''. N addition increased the N
storage by both stimulating biomass production of the dominant understory species, Aster

acuminatus, and by increasing the concentration of N in leaf tissue of understory species.
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Vegetation uptake of N is not an important mechanism of N retention in all
ecosystems. For example, Wright and Tietema (1995) added 7 kg N ha' yr' for 9 yearsto a
treeless alpine ecosystem receiving <1 kg N ha yr'! as atmospheric deposition in Sogndal.
Norway. N treatments did not increase the tissue N concentration of the five most common

shrub species.

Microbial populations

Microbial populations also represent a large pool of N in the ecosystem. and
microbial immobilization of N is an important component of N retention in some ecosystems.
In ecosystems in which N availability is low and a large pool of labile carbon (C) is
available. microbial populations may immobilize large amounts of added N and prevent N
leaching losses. Vitousek and Matson (1985; Vitousek and Andariese 1986) found that
microbial biomass was responsible for retention of 69% of "°N added to a clear-cut pine
plantation. By comparison, only 16% was retained in soil organic matter and 6% as inorganic
N in the plantation (Vitousek and Matson 1985: Vitousek and Andariese 1986). Koopmans.
Tietema. and Boxman (1996) estimated that microbial populations took up only 10% of the
added '°N in the Netherlands during the first 9 months of N addition. Gallardo and
Schiesinger (1994) found that microbial immobilization of N increased with N addition
growth in a loblolly pine forest in North Carolina was limited by N in the forest litter layer.
though P limited microbial populations in the mineral soil.

Microbial N retention has frequently shown no positive response to N addition.
Microbial capacity to take up N is often limited by C availability (Zak et al. 1994),
particularly when the availability of inorganic N is already high (Hart et al. 1994). As a
result, the capacity of microbial populations to contribute to retention of added N will be low
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in some systems. Magill et al. (1997) concluded that microbial activity at Harvard Forest did
not increase following N addition, based on the observation that soil respiration was not
higher in high-N plots than in controls. Corbin (Chapter 3) estimated microbial N-content
using the chloroform fumigation-extraction technique in a mixed hardwood ecosystem after
three years of fertilization with 97 kg N ha™' yr' and found no difference in microbial N
between the control and N-amended plots.

Thus far. indications are that although microbial populations may play an important
role in the initial immobilization of inorganic N in N-limited ecosystems (Vitousek and
Matson 1985; Koopmans, Tietema, and Boxman 1996), microbes are not responsible for
long-term N-storage. Inorganic N converted into microbial biomass can be quickly
remineralized if microbial growth slows or becomes limited by another factor (Koopmans.
Tietema, and Boxman 1996). Unfortunately, many studies of ecosystem responses to N
addition have failed to expressly test the response of microbial populations (Table 2), and
instead lump microbial biomass into the pool of total soil N (e.g., Nadelhoffer et al. 1995:
Koopmans, Tietema, and Boxman 1996; Tietema et al. 1998). Future research should focus
on the ultimate fate of the N taken up by microbes. Specifically, under what circumstances is
N immobilized by microbes remineralized and returned to the inorganic-N pool, and when is

the N transferred to a pool capable of long-term retention. such as the soil organic matter?

Soil N pools

15N studies have demonstrated that soil N pools may be responsible for over half of
the N retention in some systems (Table 2). Soil N is the largest pool of N in most ecosystems.
exceeding the amount of N contained in living biomass (Aber 1992). The turnover of
microbial biomass, roots and mycorryizae that have assimilated N results in the accumulation
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of organic N in the soil (Nadelhoffer et al. 1995 Schlesinger 1997). N may also be
incorporated into soil through the abiotic isolation of N in clay minerals or soil organic
molecules Nommik and Vahtras 1982; Vitousek and Matson 1985; Foster et al. 1989). The
input of N into soil N pools is balanced by net N mineralization by microbial heterotrophs.
resulting in the conversion of organic N back into NH4-N. The relative importance of these
processes in most ecosystems, however, is poorly understood and is deserving of further
study.

[n general, the capacity of soil layers to retain N decreases as the depth increases. The
greatest amount of N retention takes place in the organic layers (Nadethoffer et al. 1995:
Koopmans, Tietema, and Boxman 1996) where microbial activity is likely to be greatest and
organic molecules capable of incorporating N into the soil abiotically are likely to be
plentiful. Deeper soil depths have less microbial activity and fewer organic molecules to
assimilate N into the soil, and hence less N is retained in deeper soil horizons.

Increases in the size of soil inorganic N pools, particularly of ammonium pools. are
frequently observed following N addition. For example, extractable ammonium in the pine
plot at Harvard Forest receiving 150 kg N ha™ yr'l were 60% higher than extracted
ammonium in the control plot after one year of N addition. and 120% higher after six years
(Magill et al. 1997). During the six-year time period, extractable nitrate increased five-fold in
the pine high-N plot, whereas extractable nitrate decreased in the pine control plot. Similarly
increases in inorganic N concentrations occurred in a hardwood forest at Harvard Forest
receiving N addition. However, the amount of N retained in inorganic N pools is generally
low compared to the N retained in other soil N pools (Vitousek and Matson 1985; Zak et al.

1990). Furthermore, the high reactivity of inorganic N and the likelihood of leaching losses
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of nitrate make inorganic N pools unlikely mechanisms of long-term N retention. Rather.
increases in inorganic N pool sizes following N addition are important because inorganic N is
the dominant source of N for biotic uptake. Greater quantities of N in soil solution permits
greater biotic uptake of N and N retention until another environmental factor limits biotic

activity.

4.6.How has increased atmospheric N deposition impacted plant communities?

European plant communities

Grasslands

Chalk grasslands in the Netherlands are the best examples of communities that have
been affected by atmospheric N deposition. Dutch chalk grasslands are among the most
species-rich communities in the world, containing a large number of rare and endangered
species and supporting, not uncommonly. up to 40 species m (Bobbink and Willems 1987).
In the last decade, these communities have experienced increasing dominance of
Brachypodium pinnatum and decreasing species richness (Bobbink and Willems 1987;
Bobbink and Willems 1991; Berendse, Aerts, and Bobbink 1994; Bobbink and Roelofs
1995). The increase in N in the chalk grasslands and the concomitant increase in abundance
of Brachypodium have resulted in the loss of short-lived and low-stature forbs (Bobbink and
Willems 1987). bryophytes, and lichens (During and Willems 1986) from these communities.
As a result, chalk grasslands are being converted into species-poor communities where forbs

species have been out competed by Brachypodium.
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Experimental addition of N has convincingly demonstrated that the increased N
inputs from atmospheric deposition caused the community changes in the Dutch chalk
grasslands. Within 3-5 years, addition of 100 kg N ha" yr' increases the abundance of
Brachypodium and decreases species richness (Bobbink. Bik, and Willems 1988; Bobbink
1991; Willems, Peet, and Bik 1993). For example, Bobbink (1991) found that 3 years of N or
NPK addition roughly doubled the above-ground biomass of Brachypodium relative to
Control. +P, and +K plots; meanwhile, the total number of vascular plant species decreased
from twenty-seven per 0.25 m2 in control plots to seventeen per 0.25 m? in N plots.

British chalk grasslands have experienced some increase in Brachypodium dominance
and a decrease in species richness, but decreasing diversity and increasing dominance by
grasses are not as widespread in Britain as in the Netherlands (Pitcairn et al. 1991).
Furthermore, neither Morecroft et al. (1994) nor Wilson, Wells, and Sparks (1995) reported
significant changes in species dominance or species richness in British chalk grasslands
following experimental input of N at rates as high as 80-140 kg N ha' yr'.

A number of factors have been suggested to explain the greater decrease in diversity
in Dutch chalk grasslands than British chalk grasslands:

1) Chalk grasslands in the Netherlands may have reacted more dramatically to N addition
than British grasslands because a greater amount of N has accumulated in the Dutch
ecosystems from background N deposition. N deposition levels are higher in the
Netherlands than in Britain. Deposition in communities in the Netherlands affected by
anthropogenic N addition may reach 50-80 kg N ha'! yr" (Bobbink and Willems 1987),
whereas N deposition in Great Britain is typically below 20 kg N ha'! yr' (Wilson. Wells.

and Sparks 1995);
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2) Livestock grazing, used in Britain for grassland management, may be more effective in
maintaining species diversity than hay-cutting, used in the Netherlands. Today, most
Dutch chalk grasslands are managed with hay-cutting rather than livestock grazing, while
the traditional grazing still takes place in the UK (Wilson, Wells, and Sparks 1995).
Simulated grazing has been shown to be more successful than hay cutting at controlling
Brachypodium dominance and maintaining species richness following increased N inputs
(Bobbink and Willems 1991; Wilson, Wells, and Sparks 1995);

3) Differences in the pool of species in British and Dutch chalk grasslands may be
responsible for the different responses to N addition. Brachypodium is absent from many
chalk grassland sites in the UK. The grass species that more commonly exist in British
chalk grasslands, such as Bromus erectus. Festuca ovina, F. rubra and Avenula pratense,
may be less able than Brachypodium to competitively exclude other species following
increased N inputs;

4) Greater P availability in Dutch soils than in British soils may contribute to Brachypodium
dominance and decreased species richness. Dutch chalk grasslands were fertilized with P
in the past (Bobbink, Bik, and Willems 1988), whereas British chalk grasslands were
generally not fertilized with P (Wilson, Wells, and Sparks 1995). P availability in British
chalk grasslands may be too low for Brachypodium to efficiently utilize added N,
whereas Brachypodium is not limited by P availability in the Netherlands and is able to
increase its growth rate following N addition (Morecroft, Sellers, and Lee 1994; Wilson.

Wells, and Sparks 1995);
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5) Dutch chalk grasslands are more fragmented than the British chalk grasslands, and this
fragmentation may make the communities in the Netherlands more susceptible to species
invasion.

These five factors, background N inputs. land use/disturbance history, species pool.
availability of other essential nutrients, and susceptibility to species invasion. likely mediate
community responses to increased N inputs. Differences in grassland management strategies
(grazing vs. hay-cutting) and differences in availability of P are the best-supported
suggestions for the different responses to elevated N inputs of grasslands in the Netherlands
and the UK (Bobbink, Bik, and Willems 1988; Bobbink and Willems 1991; Morecroft.
Sellers, and Lee 1994; Wilson, Wells, and Sparks 1995).

Differences in N inputs alone are likely not responsible for the greater decrease in
diversity in Dutch communities than in British communities, as experimental N addition of
80-140 kg N ha™ yr’! to British chalk grasslands is not sufficient to transform chalk
grasslands (Morecroft, Sellers, and Lee 1994; Wilson, Wells, and Sparks 1995). The absence
of Brachypodium pinnatum from many British chalk grasslands is not the only explanation.
either, as N-fertilization of British grasslands planted with eight common species including
Brachypodium did not result in either increased growth by Brachypodium or decreased
species diversity (Wilson, Wells, and Sparks 1995). Competition experiments using chalk
grassland species grown in soils from both the Netherlands and Britain under controlled
conditions would help explain whether soil conditions or species differences are more
important in explaining the greater dominance of Brachypodium in Dutch grasslands. If the
results in the two soil types are similar, then species differences between the two

communities are the most likely explanation for the greater effect that Brachypodium has had

107



on Dutch chalk grasslands than British chalk grasslands. In contrast, if Brachypodium
dominance is greater in Dutch soils, then soil differences such as P availability would be the
best explanation.

Experimental N addition to other types of grassland communities in a variety of
regions has impacted community dominance and species richness in a similar fashion as in
Dutch chalk grasslands. Experimental N addition to calcareous and acidic grasslands in
Europe and the United States have resulted in shifts in dominance and decreases in species
diversity. Experiments in Great Britain (Thurston 1969; Silvertown 1980; Tilman 1982
Tilman 1985; Tilman et al. 1994; Mountford . Lakhani, and Kirkham 1993) Greece
(Elisseou, Veresoglou, and Mamolos 1995), Belgium (Van Hecke, Impens, and Behaeghe
1981), and the United States (Bakelaar and Odum 1978; Tilman 1987; Tilman 1988; Wedin
and Tilman 1996; Tilman 1996) have resulted in increases in dominance by grass species and
a decline in the number of species, especially forb species, in the community. Some
characteristics of grasslands that contribute to the decline in species richness following N

addition will be discussed in section 4.7.

Heathlands

Wet and dry heathlands in the Netherlands and the UK have experienced a shift in
dominance from heath species, such as the dwarf shrubs Erica tetralix and Calluna vulgaris.
to the grass species Molinia caerulea, Deschampsia flexuosa, and Festuca ovina (Heil and
Diemont 1983; Aerts and Berendse 1988; Aerts et al. 1990, Woodin and Farmer 1993).
Analysis of aerial photographs suggests that greater than 35% of heathlands in the
Netherlands have been replaced by grassland in recent decades (Van Kootwijk and Van der

Voet 1989). Although grass species have historically been a component of the understory in
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heathland vegetation, they have not dominated heathland communities until recently (Heil
and Diemont 1983). Increased soil N availability from atmospheric N deposition interacting
with periodic disturbances such as drought. frost. and outbreaks of heather beetles
(Lochmaea saturalis) has been shown to explain the increase in dominance of grasses in the
formerly shrub-dominant heathlands of Europe.

Increasing N inputs favor grass dominance in heathlands because grass species’
growth rates are greater than shrub species’ growth rates in the higher-N conditions created
by atmospheric N deposition. Heathland communities are typically characterized by low
nutrient availability, and in these conditions shrub species are able to grow faster than grass
species (Aerts and Berendse 1988: Aerts et al. 1990). However, a number of studies have
demonstrated that, when N and P levels are high. the grass species are capable of higher
growth rates and maximum heights than Erica or Calluna (Heil and Bruggink 1987; Aerts
and Berendse 1988: Aerts et al. 1990; Prins. Berdowski. and Latuhihin 1991). Grass species’
faster growth rates under high-N conditions created by atmospheric N deposition are an
important competitive advantage over shrub species.

Disturbances such as beetle outbreaks facilitate the shift to grass dominance by
creating openings in the shrub canopy that can be colonized by grasses. Berdowski and
Zeilinga (1987) examined patterns of damage and recovery of a Calluna heathland that
experienced a beetle outbreak in 1980-1981. The outbreak resulted in widespread mortality
of Calluna and a mosaic of patches of dead shrubs and surviving shrubs. Deschampsia and
other grasses expanded in 30% of the plots studied by Berdowski and Zeilinga (1987),
especially where Calluna damage was severe. Once canopy openings were created by the

death or damage of Calluna individuals, grass species were capable of faster growth under
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the new high-N conditions created by the atmospheric N inputs and were more likely to
colonize the newly-created gaps.

There is also evidence that atmospheric N deposition has indirectly increased the
severity of Lochmaea outbreaks. Experimental addition of N has been shown to increase N
content of Calluna leaves (Heil and Bruggink 1987), and it is likely that insect population
dynamics are affected by the nutrient content of available food. Heil and Diemont (1983)
found that damage to shrub vegetation from a natural Lochmaea outbreak was more severe in
N fertilized plots. This suggests that atmospheric N deposition not only affects competitive
relationships between the grass and shrub species but also the disturbance regime in the
heathland ecosystems.

The decline of shrub vegetation in formerly heathland communities appears to be the
result of an interaction and synergy between the increased N inputs and the periodic beetle
outbreaks. In spite of grass species’ higher growth rates in high-N conditions, replacement of
shrubs by grasses is slow in intact shrub canopies where shrub species are able to intercept
incoming light and limit the growth of grass seedlings (Aerts et al. 1990; Prins. Berdowski.
and Latuhihin 1991). However. disturbance events that open up the shrub canopy and
increase light availability to grass seedlings contribute to grass dominance under high-N
conditions (Heil and Diemont 1983; Heil and Bruggink 1987; Aerts et al. 1990; Prins.
Berdowski, and Latuhihin 1991). Atmospheric N inputs have increased both the availability
of N in the ecosystem and the severity of beetle outbreaks, leading to the rapid

transformation of the heath shrublands to grass-dominated communities.
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European forests

Coniferous forests - Atmospheric N deposition to European coniferous forests leads to
increased abundance of species characteristic of N-rich habitats, though species richness in
these communities appears to be less sensitive to N addition than in grassland communities.
Invasions and increased abundance of the grass Deschampsia flexuosa, the most widespread
observations, have been reported in coniferous forests in the Netherlands (Van Breemen and
van Dijk 1988; DeVries. Leeters. and Hendricks 1995b) and in Sweden, Norway, and
Finland (Hogbom and Hogberg 1991; Rosen et al. 1992); (but see Liu and Brakenhielm
1996). The effect of increased Deschampsia dominance on species richness has not been
addressed.

Long-term (i.e. 10-20 years) experimental addition of N to European coniferous
forests has resulted in increased dominance of species characteristic of N-rich habitats.
Kellner (1993) examined four boreal forests in central-northern Sweden that had been
fertilized with 120 to 600 kg N ha yr'! every 5-7 years for 15-20 years. N addition caused a
shift in community composition in favor of species characteristic of N-rich habitats. The
response was most pronounced at the sites receiving the most N. There was no effect of N
addition on species richness. though species turnover resulted in different species present in
the most-fertilized treatment than in the control. Rodenkirchen (1995) found, in a 10-year N
addition to an acid pine and spruce forest. increased dominance of Deschampsia and
nitrophilous herbs such as Epilobium, and decreased biomass of ericaceous shrubs and
cryptogams. Becker et al. (1992) reported that the abundance of nitrophilous species
increased in a fir forest from 1969-1989 in plots receiving experimental N addition, as well

as plots receiving only background N inputs. The results from the N additions by Kellner
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(1993), Rodenkirchen (1995) and Becker (1992) are consistent with the increasing
importance of Deschampsia and other nitrophilous species seen in unmanipulated coniferous
forest communities in Europe.

Broadleaf forests — European broadleaf forests have also experienced increased

abundance of species characteristic of N-rich habitats in the last 20 years. Falkengren-Grerup
(1986) saw an increase in cover of nitrophilous species such as Rubus idaeus, Chamaenerium
angustifolium, Aegopodium podagraria, and Stellaria nemorum in Swedish deciduous
forests. The number of species in the forests increased. Thimonier, Dupouey, and Timbal
(1992) reported an increase in cover of nitrophilous species from 1970-1990 in a Quercus-
Carpinus forest in northeastern France, but no significant effect on species richness.

A number of short-term (i.e. 2-3 year) studies in broadleaf forests in Europe have
found modest changes in species’ cover or biomass in response to experimental N addition.
but the response is less dramatic than the responses of European grassland, heathland and
coniferous forests. N addition to a Swedish forest increased the abundance of Rubus idaeus
and Oxalis acetosella (Gerhart and Kellner 1986). Tyler et al. (1992) and Falkengren-Grerup
(1993) studied the effects of N addition to two beech forests in southern Sweden. In one
forest, only /mpatiens parviflora and Anemone nemorosa increased cover following N
addition; otherwise, the understory vegetation showed little response. At the second site, no
species’ cover increased, and the cover of a number of species, including Anemone
nemorosa, decreased. Understory biomass at both sites increased slightly following N
addition. The dramatic decrease in species diversity seen in grassland communities or the

shift in species composition toward nitrophilous species seen in European heathland and
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coniferous forest communities has not taken place in Swedish broadleaf forests receiving
experimental N inputs.

It is possible that European broadleaf forests are no less vulnerable to increased N
inputs than other communities and that experimental studies have not continued long enough
for shifts in community composition to take place. Given the observations by Falkengren-
Grerup (1986) and Thimonier et al. (1992), that beech and oak forest community
composition is shifting in favor of nitrophilous species. it is unlikely that European broadleaf
forests are as immune to the impacts of increased N deposition as suggested by the short-
term studies of experimental N addition. On the other hand, European broadleaf forests may
be less susceptible to community changes following increased N inputs than other European
communities. The availability of N in these communities may be less important in structuring
vegetation composition than in other European communities. perhaps because of strong light
limitation. Another reason that broadleaf forest communities may not respond to N inputs is
that species able to invade communities and increase in abundance following N addition are

not present in the region.

North American plant communities

Observational studies

The impact of increased atmospheric N deposition has been far less visible in North
American communities than in European communities. Attempts to demonstrate the impact
of increasing N inputs on North American plant communities are hindered by a paucity of
information on past community composition. Detection of community changes taking place

on a regional basis may be detected, as the recognition in the early 1980’s that populations of
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red spruce (Picea rubens) were declining as a result of acidic precipitation (Johnson and
Fernandez 1992) demonstrates. However, future shifts in dominance or declines in species
diversity in areas of high N deposition would be more readily identified if permanent plots to

which future composition could be compared are established (see Section 4.9, below).

Experimental N addition

Although observations of plant community changes in response to background
atmospheric N deposition have not been as dramatic in North America as in Europe, North
American plant communities respond to experimental N addition in a similar manner as
European communities. Experimental N addition to grasslands in the midwestern United
States (Tilman 1984; Tilman 1987; Wedin and Tilman 1996) and the southeastern United
States (Bakelaar and Odum 1978: R.K. Peet. unpublished data) result in dramatic decreases
in species diversity and species richness, just as reported from N-fertilized European
grasslands. Responses of North American forests to experimental N addition have been little
studied. The few experiments that have altered N inputs to North American forests and
followed plant community responses have seen little response of the community during the
experimental period. Corbin (Chapter 2. this volume) added N to a mixed-Quercus forest
understory in Virginia for 3 years, and found that the abundance and dominance and biomass
of the dominant understory herbaceous species, Aster acuminatus. increased. Otherwise. the
understory biomass and species richness remained unchanged. Wilson and Schure (1993)
fertilized a Southern Appalachian forest during the first two years of recovery from a clear-
cut harvest and found that the growth of some species was enhanced with NPK addition.

Again, the species richness did not vary as a resuit of the nutrient addition. The results of N
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addition experiments on southern Appalachian deciduous forests are consistent with the

changes in species cover and biomass following N addition to European broadleaf forests.

4.7.What are the mechanisms of community change following increased N inputs?

A variety of mechanisms may be responsible for changes in plant community
composition following increased N inputs. No single mechanism is likely to explain the N-
induced changes in all North American and European plant communities. However, as |
discuss below, tests of the importance of each mechanism should be a goal of future

investigations of the effects of increased N availability on plant communities.

Competition

The influence of competitive interactions on species composition has received the
greatest attention in attempts to explain community changes following N addition (e.g., Al
Mufti et al. 1977; Grime 1979, 1990; Tilman 1982. 1988; Goldberg and Miller 1990;

Willems et al. 1993).

Above-ground competition

Decline in species richness in grassland and old-field communities has been related to
increased production by competitive dominants (Al Mufti et al. 1977; Grime 1979, 1990;
Tilman 1987; Bobbink 1991; Willems et al. 1993). Sharp reductions in light penetration
through the herbaceous canopy may lead to the exclusion of some species as light
competition intensifies. For example, increased above-ground growth by Brachypodium
pinnatum decreased light penetration through the vegetation (Bobbink 1991; Willems, Peet,

and Bik 1993). Forb species close to the soil surface were lost from the community, probably
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due to the reduced light levels. Tilman (1987) saw decreasing light availability, decreasing
species richness, and increasing height of surviving species with increasing N input levels in
an old field community at Cedar Creek, MN. As species capable of increasing growth rates
or increasing allocation to photosynthetic machinery increase above-ground production.
plants low in the canopy may receive less light and be lost from the community.

Increased above-ground biomass does not necessarily intensify above-ground
competition to the extent that species richness declines. Corbin (Chapter 2, this volume) saw
an increase in the above-ground biomass of an eastern deciduous forest understory following
three years of N addition. but there was no decrease in the number of species. Falkengren-
Grerup (1986) also found no decrease in species richness of a Swedish beech forest, despite
an increase in the above-ground biomass of the understory. Competition for light in forest
understory communities apparently had less of an impact on the species richness than in
grassland communities. Forest understory species. well-adapted to low-light environments.
may be less sensitive to shading by neighbors than grassland species are.

Above-ground competition would not be expected to increase following N addition to
communities that experience no increase in above-ground production following N addition.
Ecosystems in which N does not limit primary production. such as N-saturated ecosystems or
ecosystems in which the availability of other essential nutrients or water are low. would not
be expected to increase above-ground growth in response to increased N inputs. Increased
above-ground competition in such ecosystems would not be expected to play a role in

changes in species richness of the community
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Below-ground competition

Plant species differ in their allocation of resources to roots versus shoots following N
addition, and these differences can have a significant impact on community responses to N
addition. Brachypodium pinnatum, the dominant grass species in Dutch chalk grassland
communities, increased its root biomass following N addition (Bobbink 1991). Maintenance
of root structures likely provides Brachypodium an advantage in competition for other
essential nutrients such as P. As N inputs increase above-ground growth by vegetation. the
availability of other essential nutrients such as P decreases. Bobbink (1991) and Willems et
al. (1993) found that Brachypodium’s success under high-N conditions can be explained. in
part, by the ability of Brachypodium to compete effectively for low levels of P in the soil
under the high-N conditions. Brachypodium is able to take up scarce amounts of soil P and
translocate large amounts to rhizomes for storage after the growing season (Bobbink 1991).
In contrast, other species in the Dutch chalk grassland communities reduce allocation to roots
following N addition and are unable to compete effectively for scarce P (Bobbink 1991). The
low availability of P and other essential nutrients in the Dutch chalk grassland community.
and the difference in allocation to below-ground structures between Brachypodium and other
community members likely contributes to the dramatic increase in dominance by
Brachypodium in the Dutch chalk grasslands.

The only test of the importance of below-ground competition for P in forest
communities indicated that competition for P does not become important in the forest
community following N addition. Corbin (Chapter 2, this volume) added N and P to a
deciduous forest understory for three years. Though N addition increased above-ground

production of the understory community (and likely of the canopy vegetation, as well), levels
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of extractable P in the soil did not decrease in plots receiving N addition. Nor were there any
significant differences in species’ abundances, species’ biomass, or species richness between
plots that received both N and P and those that received only N or P. Despite the increased
production following N addition, below-ground competition for P did not increase in the

deciduous forest community.

pH sensitivity

Increased acidity from N inputs may have direct negative effects on vegetation and
contribute to species loss from the community. N addition lowers soil pH by increasing the
ionic strength of the soil solution as ammonium is converted into nitrate. and by accelerating
the removal of base cations as nitrate is taken up by vegetation or lost from the ecosystem via
leaching (Schlesinger 1997). Species’ tolerance for low pH can vary, and species’ loss from
the communities receiving elevated N may be related to sensitivity to low pH. Falkengren-
Grerup (1986) reported that changes in species composition in Swedish forests were
correlated with decreasing pH. Five species, including Mercurialis perennis. Galium
odoratum, and Oxalis acetosella. decreased in cover in the more acidic soils in the period
since original sampling in 1949-1970. Falkengren-Grerup (1986) concluded that the
decreasing acidity, influenced by atmospheric N deposition. likely contributed to the species’
decrease.

The impact of increasing N inputs on soil acidity are likely to be minimal on well-
buffered soils. For example, chalk grassland soils have a pH of 7-8 (Bobbink 1991) and are
likely well-buffered by abundant Ca. Direct effects of increasing acidity are likely not

important factors for the community changes in chalk grassland communities.
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Species invasion

Species invasion may have dramatic effects on competitive interactions within a
community (Vitousek 1990), and the ability of species to colonize a community has been
shown to be influenced by N availability (Heddle and Specht 1975; Gerrish and Mueller-
Dombois 1980: Vitousek and Walker 1989). Increased availability of N would permit the
invasion of species characteristic of high-N conditions into formally low- or moderate-N
habitats. Increased N inputs into European forests may have permitted the colonization of
new areas by N-demanding species such as Deschampsia flexuosa that would be unable to
become established in low-N conditions (Rosen et al. 1992). The consequences of species
invasions on communities can be far-reaching, affecting nutrient supply. trophic interactions.
and disturbance regime (Vitousek 1990; D'Antonio and Vitousek 1992; Asner and Beatty
1996). To the extent that successful invaders are frequently characterized by fast growth rates
under high-N conditions, increased atmospheric N deposition should enhance the success of
invaders and contribute to community change.

Species invasion has been less important in Dutch chalk grasslands and heathlands
than in European forests. Brachypodium pinnatum is a natural component of the Dutch chalk
grassland flora. and the grass species dominating heathland communities are frequently
found in the shrub understory. There are reports that Brachypodium is invading British chalk
grasslands, and the introduction of this species may lead to dramatic changes in communities

in the UK (Woodin and Farmer 1993).

Nutrient availability and disturbance

The historical availability of nutrients, including N, in a habitat influences how

species are able to respond to increases in N inputs. Increased N inputs to high-N habitats

119




would be expected to have a minimal impact on the growth rate of the species in the
community or on the community composition. In this case. another environmental factor,
such as water or light availability, would be expected to limit vegetation growth and
increased N inputs would have minimal impact on growth rates. On the other hand, species in
low-N habitats may be unable to respond to increased N availability due to growth
limitations (Chapin 1980: Chapin, Vitousek. and Van Cleve 1986). The greatest community
response to N addition would be expected at a level of N availability above the point at
which species’ growth responses to N addition are minimal but below the point at which N
no longer limits growth.

The availability of other essential nutrients besides N can influence community
responses to N addition, as well. If the availability of nutrients such as P or Ca are low
enough that they limit primary productivity. then N inputs would be expected to have
minimal impacts on growth of species in the plant community. Communities in habitats with
high levels of essential nutrients besides N would be expected to respond more dramatically
than communities in habitats with low nutrient levels.

Disturbance frequency and intensity can have strong effects on the direction of
community change following N addition. Periodic disturbances that create openings for
colonizers or other members of the community may facilitate shifts in community
dominance, as in the case of periodic beetle outbreaks in Dutch heathlands (Heil and
Diemont 1983; Aerts et al. 1990; Prins, Berdowski. and Latuhihin 1991). Such disturbances
that could contribute to community change include grazing, disease, and wind damage. [n the
absence of the disturbance, species capable of succeeding in the high-N conditions may have

difficulty establishing in the community or in attaining resources necessary for growth.




Nutrient availability and disturbance may interact to influence community
composition. The combination of periodic beetle outbreaks and high-N conditions that favor
grass species has led to rapid replacement of shrub species by grass species in Dutch
heathlands (Heil and Diemont 1983: Aerts et al. 1990; Prins. Berdowski. and Latuhihin
1991). The combination of disturbances that permit establishment by species successful in
high-N conditions and increasing N inputs can influence community dynamics sufficiently to
lead to shifts in dominance.

Disturbances may also limit community change by reducing the success of the
dominant species. Disturbances that act as “keystone predators” by impacting the dominant
species disproportionately may slow the shift in dominance in the community. For example,
grazing has proven more successful in controlling Brachypodium dominance in chalk
grasslands than hay cutting (Bobbink and Willems 1991: Wilson, Wells. and Sparks 1995),
perhaps because Brachypodium is the most heavily grazed species in the community. Corbin
(Chapter 2, this volume) suggested that deer herbivory on Aster acuminatus prevented

exclusion of other community members in a deciduous forest understory.

4.8.What communities in North America are most likely to be affected by increasing N
depeosition?

The forested regions in eastern North America, particularly at high elevation sites, are
likely to face changes in community composition because of high levels of N deposition.
Changes in community composition are most likely in regions receiving high levels of
atmospheric N inputs. The higher the rate of N deposition. the more likely that N availability

to vegetation will increase and affect community composition. Deposition levels are highest
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in the northeastern United States and in areas of the southern Appalachians (Figure 1;
National Atmospheric Deposition Program 1997). Furthermore, deposition rates frequently
increase with elevation due to increased precipitation and the importance of cloud-borne N at
high elevations.

Though community change has not been detected in North American forests in spite
of increased levels of N deposition, species capable of increasing dominance exist in forest
communities in eastern North America. Species such as Deschampsia flexuosa and other
grass species capable of invading high-N habitats are present in North American forests.
Particular emphasis should be placed in following the community composition of forests
where grass species such as Deschampsia are important components of the understory and
may be increasing in abundance.

Grasslands. prairies, and savannas existing in areas of moderate-high levels of N
deposition are especially vulnerable to future community change because many grass species
are well-adapted to high-N conditions. The presence of species capable of increasing growth
rates following N inputs in a community is another important factor influencing whether a
community will be affected by increased N inputs. Prairie communities in the midwestern
United States are of considerable conservation importance due to their isolation and high
frequency of rare or endangered plants. N deposition rates of over 5 kg N ha™' yr'! ( National
Atmospheric Deposition Program 1997) in large areas of the Midwest may lead to increasing
dominance by a few grass species in the future.

The number of species in Pinus palustris savannas in the southeastern United States
may reach as high as 50 m™ (Walker and Peet 1983), but continued N inputs may have

similar consequences as N deposition has in Dutch chalk grasslands. Diversity in P. palustris



savannas in North Carolina and Mississippi is sensitive to experimental N addition (R.K.
Peet, unpublished data), and these unique communities appear to be especially vulnerable to
changes in species composition with continued N deposition. Deposition in the southeastern
Coastal Plain is currently 5-10 kg N ha! yr', well below the deposition levels experienced in
Dutch grasslands. However, the sensitivity P. palustris savannas have shown to N addition
warrants careful monitoring for decreasing species richness or loss of forb species.

Grasslands in California are also at risk of community changes due to atmospheric
deposition. Many ecosystems downwind of large population centers in California are
experiencing high levels of atmospheric N deposition. The increasing N availability may
impact communities by favoring grass species and decreasing forb diversity. N addition has
been shown to shift California serpentine grassland communities from annual forb-
domination to non-native grass domination (Hobbs et al. 1988; Huenneke et al. 1990). Non-
serpentine grasslands may be vulnerable, as well, as N inputs continue.

Fragmented communities are especially vulnerable to changes following N inputs.
Landscape fragmentation caused by roads, logging, or land conversion may facilitate the
invasion and spread of weedy species (Saunders et al. 1991; Hobbs and Huenneke 1992).
Such weedy species often possess characteristics that are successful under high-N conditions.
such as rapid growth rates, rapid N uptake, and high fecundity. The high-N conditions found
in areas of elevated atmospheric N deposition may favor the establishment of weedy species
in fragmented habitats and provide the newcomers an advantage in competitive interactions
within the community.

Communities where the availabilities of essential nutrients such as P and Ca are too

low to permit a growth response to N inputs are unlikely to be affected by increased N
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deposition. Communities with highly weathered soils as in the piedmont region of the
southeastern United States may not show dramatic growth responses to N addition because

primary productivity rapidly becomes limited by another nutrient.

4.9.A call for more extensive community monitoring and experimentation

In spite of the possibility that atmospheric N deposition is leading to shifts in the
composition of plant communities, the ability to track future community changes is severely
limited. Basic community information, such as composition, diversity and , or species’ cover
is unknown for most areas receiving elevated N deposition. The monitoring of communities
for increasing abundance of weedy species, increasing total plant cover, or decreasing
diversity is impossible without such baseline data. Attempts should be made to increase the
establishment of permanent plots from which regular surveys of community characteristics
can be made.

Besides greater monitoring of communities in areas receiving elevated N inputs,
future research should focus on the understanding of the susceptibility of North American
forest communities to increases in N availability. Thus far, attempts to predict the impact
increased N deposition will have on plant communities, especially forest communities, have
been limited by the number of studies documenting vegetation responses to N addition.
Generalization from a small number of disconnected studies is difficult, and even dangerous.
Whereas ecosystem scientists investigating the impact of elevated N deposition on nutrient
cycling and ecosystem functioning have set up networks in which sites spanning a range of
regions, vegetation types, and levels of background deposition linked into a common

experimental design (e.g., Aber et al. 1995 ; Gunderson et al. 1998), studies of community
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responses to N addition have usually focused on a single site ( e.g.. Tilman 1987; Chapter 2.
this volume). Instead, plant community composition and diversity responses to experimental
N addition should be monitored in a variety of sites chosen to maximize variation in
vegetation type. level of background N deposition. and soil fertility. This will allow better
predictions as to what types of plant communities are most susceptible to changes as N
deposition continues. A coordinated nutrient addition network would also suggest likely

candidates for species capable of responding aggressively to increases in N availability.

4.10. Conclusions

Atmospheric N deposition has contributed to the development of N-saturation and N-
leakiness in a variety of ecosystems in eastern North America and Europe. The rate of N
deposition and the amount of N in the soil are positively correlated with the extent of N-
leaching losses from ecosystems. Soil N pools and, to a lesser extent. vegetation, are the
major ecosystem components responsible for retention of N inputs.

The effects of atmospheric N deposition on plant communities has been most striking
in European chalk grasslands and heathland communities. The dominance of grass species
has increased dramatically in these communities at the expense of other species. Thus far,
responses of North American communities t0 elevated N inputs have not been reported.
However, forests in the eastern United States, where N deposition levels are highest, and
grasslands, savannas, and prairies in areas of moderate N deposition levels should be closely

monitored for future shifts in community composition or species diversity.
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Table 4.1. Ecosystem characteristics at each stage of the Aber model of the
development of N saturation. From Aber et al (1989) and Aber (1992).

Stage 0 Stage 1 Stage 2 Stage 3

Primary form NH;-N NH; - N NH;-N> NH,-N=

of N NO; - N NO; - N

Availability of | low low high High

inorganic N

Limuitation of N N N? Other nutrients

vegetation (t.e. P. Ca.

primary water)

production

Limitation of N N labile C Labile C

microbial

activity

Net ~0 -0 low High

nitrification (approaching
100%)

Nitrate loss 0 0 low High

into (approaching

groundwater inputs of N)

J
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